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ABSTRACT 
Temperate grasslands and shrublands are critically endangered ecosystems receiving almost no 
protection, as nearly 50% of their global area has been lost and less than 5% has been set aside in 
reserves. To further complicate matters, in many instances these are alternate states of the same 
system, so conserving one may be at the expense of the other. Woody encroachment is one of the 
greatest contemporary threats to grasslands, but reversing encroachment necessarily reduces 
shrublands. A parallel conundrum arises with avian biodiversity, as both grassland and shrubland 
birds are in steep decline. Yet conservation strategies usually prioritize improving habitat for 
grassland birds, and rarely consider shrubland birds. Is it possible to employ management 
practices that benefit both guilds? To address this challenge, I compared three regimes involving 
fire and grazing in terms of their impacts on woody encroachment in grasslands in the Central 
U.S., and the extent to which these practices support grassland and shrubland birds in ecotones. 
Fire in combination with grazing controlled woody encroachment more than fire alone, and low 
amounts of woody cover in ecotones increased the abundance or occupancy of grassland and 
shrubland avian species. Overall, the ability of fire-and-grazing regimes to reduce woody 
encroachment and accommodate birds in both guilds suggests that managing for grasslands and 
shrublands need not be mutually exclusive in all instances. 
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CHAPTER 1: GENERAL INTRODUCTION AND LITERATURE REVIEW 
Extensive habitat loss and limited protection have catalyzed a global “biome crisis,” where the 
function and biodiversity of entire ecosystems are at risk of extinction (Hoekstra et al. 2005). 
Temperate grasslands and shrublands are two of the most critically endangered biomes, as nearly 
50% of their global area has been lost and less than 5% is protected (Hoekstra et al. 2005). In the 
United States, grasslands and shrublands have experienced extensive habitat loss (Samson and 
Knopf 1994, Trani et al. 2001), biodiversity declines (Brooks et al. 2002, Ripple et al. 2017), and 
the suppression of the frequent and intense disturbances, such as fire and grazing, that once 
maintained them (Askins 2002, Brawn et al. 2001). 
The Central United States has fluctuated between having grassland or forest as the 
dominant land cover (Daubenmire 1978). The Pleistocene deglaciation brought about a period of 
grassland dominance, because a drought occurred that restricted woodlands to moist, riparian 
areas, and provided a window of opportunity for the widespread proliferation of herbaceous 
plants (Axelrod 1985). By 8000 – 4000 Before Present, temperate climates with high levels of 
precipitation returned. Once the climate again became favorable for the expansion of woody 
plants (Daubenmire 1978), frequent fire was critical for limiting their spread (Abrams et al. 
1986, Abrams 1992). Historic (i.e. before European settlement) fire regimes in the Central U.S. 
are estimated to have fire-return intervals of 1-3 years, 4-6 years, or 7-12 years (Frost 1998), 
depending, in part, on grazing and topoedapic features (Frost 1998, Ratajczak et al. 2014). These 
frequent-fire regimes maintained grassland dominance in the Central U.S., even as the Eastern 
U.S. succeeded to forest (Daubenmire 1978). Yet over the last 150 years, fire suppression has 
increased (Brawn et al. 2001), and one result has been woody encroachment, the increase in 
native or non-native shrubs and trees onto grasslands (Van Auken 2000).  
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Common encroaching species are exotics, such as Rosa multiflora (multiflora rose, non-
historic natives, such as Juniperus virginiana ) and Maclura pomifera (osage orange), and 
historic natives, such as Cornus drummondii (rough-leaf dogwood), Juglans nigra (black 
walnut), Quercus spp. (oaks), Carya spp. (hickories) and Ulmus spp. (elms), which have been 
present in low numbers since the Pleistocene deglaciation, but have proliferated in modern times 
due to fire suppression (Daubenmire 1978, Harr et al. 2014, Ratajczak et al. 2014).  
Though woody encroachment creates shrubland habitat, these gains are necessarily at the 
expense of grasslands because grasslands and shrublands are alternate states (Bestelmeyer et al. 
2003, Beiser et al. 2003). Furthermore, grassland-to-shrubland transitions are hysteretic (Luvuno 
et al. 2018), meaning they are difficult to reverse, and in the rare cases where they are reversed, 
the system does not return it its original condition (Beisner et al. 2003). Therefore, woody 
encroachment is considered one of the greatest contemporary sources of grassland habitat loss 
(Brennan and Kuvlesky 2005, Engle et al. 2007). Yet, restoring fire alone rarely reverses woody 
encroachment because many species can survive fire by resprouting (Heisler et al. 2003, Miller 
et al. 2017). Resprouting plants store carbohydrates and essential nutrients in their basal root 
structures, and after damage from fire they mobilize these reserves to regrow (Iwasa and Kubo 
1997). The ability to resprout confers established plants with significant resilience to fire (Heisler 
et al. 2003, Scasta et al. 2014), as plants can recover even after complete top-kill (Bellingham 
and Sparrow 2000). 
One practice that can control woody encroachment more effectively than fire alone is fire 
and grazing (Sankaren et al. 2005, Ratajczak et al. 2014). However, too much grazing pressure 
actually increases woody encroachment because large herbivores consume fine fuel (Thaxton 
and Platt 2006, Dacy and Fulbright 2009), which in turn, lowers fire intensity or creates 
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discontinuous fuel beds (Derner and Whitman 2009, Davies et al. 2010). One strategy that may 
ameliorate this problem is coupling fire and grazing, because periodic burning causes herbivores 
to move as they seek more nutritious forage in recently burned areas (Scasta et al. 2015).  
Patch-burn grazing is one management practice that can couple fire and grazing, as it 
uses patchy fires to move herds of either bison or cattle (Vinton et al. 1993, Fuhlendorf and 
Engle 2004). Large herbivores spend most of their time on the most recently burned patch, which 
creates a grazing lawn there and puts the remainder of the site at rest (Fuhlendorf and Engle 
2004). Over time, another patch is burned and large herbivores abandon the intensively grazed 
areas, resulting in a shifting mosaic of heterogeneous patches across the landscape in various 
stages of recovery (Fuhlendorf and Engle 2004, Duchardt et al. 2016, Scasta et al. 2016).  
Fire and grazing may also control woody encroachment through sublethal browsing of 
shrubs and saplings by large herbivores (Beschta and Ripple 2007). Sublethal browsing can 
consign populations to a fire-trap, wherein established plants survive fires but are inhibited from 
reaching maturity within the fire-return interval (Higgins et al. 2007, Grady and Hoffmann 
2012). Sublethal browsing can also reverse woody encroachment by indirectly killing plants. 
Resprouting plants respond defensively to browsing by growing more stems (Hobbs and 
Gimingham 1987, Bond and Keeley 2005). Rapidly adding above-ground biomass temporarily 
decreases resource allocation to the basal root structures, and if these reserves become depleted 
then plants die (Vilà and Terradas 1995). 
Sublethal effects are usually associated with large herbivores that browse for the majority 
of their diet (e.g. Hobbs and Gimingam 1987, Beschta and Ripple 2007). Although the Central 
United States historically supported mixed herds of large herbivores, including grazers, such as 
Bison bison (bison), and browsers, such as Antilocapra americana (pronghorn antelope) and 
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Cervus canadensis (elk; Seton 1925), this community has largely been replaced by cattle (Miller 
et al. 2012). Cattle primarily feed on grass, however about 10% is woody plants (Plumb and 
Dodd 1993, Maresh Nelson et al. 2019). While conifers are unpalatable to cattle (Allred et al. 
2012), deciduous plants have high crude protein content, macronutrients, and digestibility 
(Hedtcke et al. 2009). Furthermore, establishing the fire-grazing interaction may increase 
browsing by attracting large herbivores to the most recently burned patch where woody plants 
are resprouting emergent, palatable shoots (Bond and Keeley 2005).  
Although woody encroachment can cause grasslands to transition to shrublands (Engle et 
al. 2007), woody encroachment does not degrade ecosystems for all taxa (Eldridge et al. 2011, 
Bestelmeyer et al. 2018, Schooley et al. 2018, Vega-Álvarez et al. 2019). For example, rather 
than decrease vertebrate richness, woody encroachment can cause compensatory shifts from 
grassland to shrubland taxa within animal communities (Brown et al. 2001, Eldridge et al. 2011). 
In the case of avian biodiversity, both grassland and shrubland guilds contain species of national 
conservation concern (Rosenberg et al. 2016), so areas where partial compensatory shifts result 
in guild coexistence provide opportunities to manage habitat for both guilds (Duchardt et al. 
2018).  
Shrubland birds are found in a variety of habitat types, including old fields, forest clear-
cuts, forest edges, beaver ponds, utility rights of way, glades, pine woodlands, scrub oak barrens, 
and savannas (Temple 1998, Bulluck and Buehler 2006, Fink et al. 2006, Brawn 2006, 
Schlossberg et al. 2010). In contrast, obligate grassland bird species, those which are exclusively 
adapted to and entirely dependent on grassland habitats, make little or no use of other habitat 
types (Vickery et al. 1999). However, one place where these guilds can coexist is in ecotones 
(Temple 1998, Duchardt et al. 2018). 
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Woody encroachment can create ecotones by establishing a gradient of woody cover 
embedded within grasslands (Schooley et al. 2018). Depending on the amount of environmental 
change occurring across the gradient, ecotones may be large or small in area and contain 
different amounts of variability of vegetation characteristics (Cadenasso et al. 2003). 
Furthermore, disturbances, such as grazing, may flow from the grassland into the ecotone, but 
this depends on many possible factors including the features of the gradient and the behavior of 
the herbivores (Wiens et al. 1985, Cadenasso and Pickett 2000). These dynamics structure the 
vegetation features within the ecotone (Risser 1995, Cadenasso and Pickett 2000), which in part, 
determines habitat suitability for birds (Temple 1998, Duchardt et al. 2018).  
Shrubland birds can be divided into two categories based on general habitat preferences. 
One group prefers areas with tall ( > 1.5 m) vegetation and abundant woody cover, and the 
second prefers areas with short ( < 1.5 m) vegetation and more forbs (Schlossberg et al. 2010). 
Some grassland birds, such as Spiza americana (dickcissel) and Ammodramus savannarum 
(grasshopper sparrow) also use the short-vegetation habitat, which can be created by fire and 
grazing (Fuhlendorf et al. 2006). An additional way that fire and grazing may benefit both guilds 
is by controlling woody encroachment, since low amounts of woody cover (i.e. 10 – 40%) can 
accommodate both grassland and shrubland species (Brawn 2006, Mabry 2013).  
In addition to specific habitat features, heterogeneity at smaller scales (i.e. heterogeneity 
within the habitat, or microsite heterogeneity, or habitat complexity) can impact avian abundance 
and diversity, since habitat complexity generally corresponds with niche availability (MacArthur 
and MacArthur 1961, Rotenberry and Wiens 1980). Therefore, avian abundance and diversity 
have been shown to peak at moderate levels of heterogeneity of vegetation structure (McAdoo et 
al. 1989, Van Riper III et al. 2008), and decrease when the vegetation structure is homogenized 
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(Akresh et al. 2015, Nelson et al. 2017). However, shrubland birds have stronger associations 
with microsite heterogeneity than grassland birds, which often have weak or neutral responses 
(Chandler et al. 2009, Fischer and Davis 2010, Akresh et al. 2015). Therefore, management 
practices that increase fine-scale heterogeneity of vegetation structure may not increase habitat 
quality for both guilds. 
Since grassland and shrubland birds respond differently to habitat features, they likely 
have different responses to management practices that alter the vegetation. For example, it is 
well-established that patch-burn grazing benefits grassland birds by creating a mosaic of patches 
at different stages of succession (Fuhlendorf et al. 2006, Duchardt et al. 2016). Patch mosaics 
benefit shrubland birds for the same reason (McAdoo et al. 1989, Van Riper III et al. 2008, 
Chandler et al. 2009); raising the possibility that patch-burn grazing could support both guilds. 
However, whether heterogeneity has positive or negative effects depends on a trade-off between 
area and heterogeneity (Allouche et al. 2012). In cases where the habitat area is small, increasing 
heterogeneity can decrease species abundance rather than increase it because heterogeneity 
subdivides the habitat available to each species, and if the area becomes too small then 
populations decline (King and DeGraaf 2004, Schlossberg and King 2008, Allouche et al. 2012). 
Since the fire-grazing interaction further subdivides the habitat (Duchardt et al. 2016), and 
because ecotones already tend to be small, transitional habitats embedded within larger patches 
(Strayer et al. 2003, Schlossberg and King 2008), the heterogeneity introduced by the fire-
grazing interaction may negatively impact avian species (Duchardt et al. 2016).  
While the fire-grazing interaction increases heterogeneity among patches, it can also 
decrease within-patch heterogeneity (Scasta et al. 2016, McGranahan et al. 2016, Bielsky et al. 
2019), because focal grazing creates a uniform grazing lawn on the most recently burned patch 
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while allowing the unburned patches to recover without grazing disturbances (Knapp et al. 1999, 
Fuhlendorf and Engle 2004, Scasta et al. 2016). In contrast, the graze-and-burn treatment can 
increase within-site heterogeneity, since large herbivores roam the entire site to forage and 
selectively graze at small scales (Vinton et al. 1993, Knapp et al. 1999), which increases 
structural heterogeneity by removing biomass of some plants but not others (Olff et al. 1999, 
Montané et al. 2011).  
One limitation to the assumption that altering habitat features within the patch will alter 
avian species abundance is that avian habitat selection is a hierarchical process, meaning birds 
select habitat based on the vegetation in the surrounding landscape as well as based on what is 
within the habitat (Jones 2001, Tscharntke et al. 2012). Therefore, focusing only on features 
within the habitat may give an incomplete picture of how habitat selection operates (Jones 2001), 
and including broader-scale features can improve estimates of avian occupancy and abundance 
(Fletcher and Koford 2002, Reiley and Benson 2019).  
Another potential limitation is that bird abundance is not necessarily an indicator of 
habitat quality, so even if ecotones are occupied, they may not be population sources (Van Horne 
1983, Bock and Jones 2004, Schlossberg and King 2008). Grassland birds with more woody 
cover around their nests can have lower nest success than those nesting around more herbaceous 
vegetation (Hovick and Miller 2016, Maresh Nelson et al. 2018). However, in other cases, 
woody encroachment does not reduce nest success of grassland birds (Hill and Diefenbach 
2013). For shrubland birds, the Central United States may be a regional sink due to near-total 
habitat loss and fragmentation (Robinson et al. 2006). On the other hand, restored savannas (with 
40 – 70% woody cover), and early-successional woodlands treated with fire, can have unusually 
high nest success for shrubland birds (Brawn 2006, Fink et al. 2006). Furthermore, a review of 
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nest-site selection found that in 72% of cases, local vegetation had no relation to nest success 
(Chalfoun and Martin 2007), perhaps because nest success depends more on the regional pool of 
predators than vegetation (Benson et al. 2010, DeGregorio et al. 2016).  
Even if ecotones in the Central U.S. are population sinks, they may still have 
conservation value. Ecotones are hotspots of genetic diversity, exactly because their habitat are 
dissimilar to core habitat (Smith et al. 1997, Smith et al. 2001, Kark and Rensburg 2006). Such 
non-ideal habitats tend to be associated with strong natural selection pressure, which can 
generate as much genetic diversity within a species as is usually found between species (Smith et 
al. 1997). Furthermore, birds that exploit alternate habitats are the species whose population sizes 
have increased in the last 100 years (Ward et al. 2018). In contrast, habitat specialists have 
declined, suggesting that providing or enhancing secondary habitats may increase long-term 
population persistence (Kark et al. 2007, Ward et al. 2018).  
To reverse population declines, conservationists have prioritized strategies that target 
multiple species simultaneously (Tokeshi 1999, Roberge and Angelstam 2004, but see Wallach 
et al. 2018 for an alternate view). One strategy to accomplish this is restoration of keystone 
processes that historically maintained ecosystem structure and function (Falk 2006, Fischer et al. 
2011). Disturbances such as fire and grazing are examples of vital processes that maintain 
grasslands and shrublands (Fuhlendorf and Engle 2004, Bond and Keeley 2005), but it is not 
clear if restoring fire and grazing will concurrently conserve both ecosystems. To explore this 
problem, this research compared how three treatments involving fire and grazing affect woody 
encroachment (Chapter 2), and which, if any, support both grassland and shrubland birds 
(Chapter 3). 
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CHAPTER 2: FIRE AND MODERATE GRAZING REDUCES WOODY ENCROACHMENT 
AND ALTERS THE DYNAMICS AMONG PLANT TRAITS, BROWSING, GRAZING, AND 
FIRE 
 
ABSTRACT 
Context Woody encroachment threatens the world’s grasslands by causing a state transition from 
grasslands to shrublands or woodlands. Fire-free periods give woody plants opportunities to 
invade, yet restoring a historic fire regime usually fails to reverse woody encroachment because 
many species survive fire by resprouting. In some instances, fire combined with moderate 
grazing can limit the spread of resprouting plants, yet there is no consensus on the type of fire-
and-grazing regime best-suited to this task.  
Objectives We compared two fire-and-grazing regimes, to the use of fire alone, for their 
effectiveness in decreasing the abundance of woody plants. We hypothesized that fire and 
grazing, combined, enacts a stronger environmental filter by excluding fire-sensitive species and 
those which cannot persist through disturbances by large herbivores. Further, we hypothesized 
that coupling fire and grazing consigns plants to the fire-trap, whereby established plants survive 
fires but do not fully regrow between fire events, because focal grazing on recently burned areas, 
one, increases fuel accumulation on unburned areas, and, two, increases browsing by 
concentrating large herbivores where woody plants are resprouting following fire, when these 
plants are most palatable. 
Methods We conducted this research in the Grand River Grasslands in southern Iowa and 
northern Missouri on 11 sites (15.4-35.0 ha) assigned to one of three treatments: patch-burn-
graze [n = 4], with spatially discrete fires and free access by cattle (Bos taurus); graze-and-burn 
[n = 4], with free access by cattle and a single burn of the entire site every three years; and burn-
only [n = 3], with a single burn of the entire site every three to five years and no grazing. 
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Results The burn-only treatment increased woody encroachment four-fold compared to graze-
and-burn and patch-burn-graze treatments (130.21 (SE = 15.99), 20.90 (11.96), and 46.32 
(10.80) plants/200 m2, respectively). Fire-and-grazing led to substantial shifts in community 
composition relative to the burn-only treatment. Notably, short (< 5 m) species with the ability to 
spread vegetatively dominated the burn-only treatment, while both fire-and-grazing treatments 
promoted species with tall (≥ 25 m) ultimate growth forms, The fire-trap was indeed stronger on 
the patch-burn-graze treatment than the graze-and-burn treatment, as there was twice as much 
accumulated fuel in the last year of the burn cycle, and plants were 10% shorter.  
Conclusions Our results indicate that fire combined with moderate grazing reduces woody 
encroachment more than fire alone, and that the graze-and-burn and patch-burn-graze treatments 
control woody encroachment equally well, at least in the short term. The presence of large 
herbivores likely enacts an environmental filter that favors slow-growing, large species. The fire-
grazing interaction may be most likely to control their populations long-term by setting a 
stronger fire-trap by mitigating fuel load reductions usually associated with grazing, and by 
increasing browsing by large herbivores.  
 
Keywords: woody encroachment, fire-grazing interaction, patch-burn grazing, environmental 
filtering, persistence traits, fire-trap 
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INTRODUCTION 
In grassland biomes, there is a global trend of increasing woody encroachment or the increase of 
trees and shrubs where densities were historically low (Van Auken 2000).  Woody encroachment 
can cause grassland-to-shrubland transitions that have hysteretic properties, (Bestelmeyer et al. 
2018, Luvuno et al. 2018), meaning that the transitions are difficult to reverse, and in the rare 
cases where they are reversed, the systems do not return to their original condition (Beisner et al. 
2003). Therefore, woody encroachment presents as one of the greatest contemporary threats to 
grassland ecosystems (Engle et al. 2007). 
It is widely understood that fire-free intervals give woody plants the opportunity to 
invade (Archibald et al. 2011, De L. Dantas et al. 2013, Ratajczak et al. 2016). Yet restoring fire 
alone rarely reverses woody encroachment, in part, because many species have persistence traits 
that allow plants to survive in disturbed environments (Bond and Midgley 2001, Bond and 
Keeley 2005). For example, the ability to resprout is a persistence trait that confers resilience to 
established plants exposed to fire (Heisler et al. 2003, Scasta et al. 2014), as plants can recover 
even after complete top-kill (Bellingham and Sparrow 2000). In some instances, fire combined 
with moderate grazing can reduce woody encroachment more effectively than fire alone (Janssen 
et al. 2004, Ratajczak et al. 2014a). However, the relationships between fire, grazing, and the 
causes of woody encroachment remain poorly understood (Sankaren et al. 2005, Ratajczak et al. 
2014b, Wilcox et al. 2018).  
One impact of combining fire and grazing is that it establishes two consumer controls on 
woody plants (Bond and Keeley 2005). In addition to reducing overall biomass, consumer 
controls can alter the mix of plant growth forms and plant community composition (Bond and 
Keeley 2005, Riginos and Grace 2008, Pausas 2015). Whereas fire is a nonselective consumer of 
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plant biomass, grazing by large herbivores is selective, since plants vary with regard to 
palatability, defensive traits (e.g. thorns, spines, prickles, or chemical defenses), or their ability to 
resprout after herbivory (Olff et al. 1999, Bond and Keeley 2005, Spasojevic et al. 2010). As 
such, fire and grazing are distinct environmental filters that impact which plant species are able 
to establish and persist (Collins et al. 1998, Midgley et al. 2010, Mayfield et al. 2013), thereby 
altering the patterns of woody encroachment (Diaz et al. 2007, Midgley et al. 2010, Clarke et al. 
2012).  
Another control of woody encroachment can be browsing pressure, as severe browsing 
can kill plants outright, or sublethal browsing can reduce plant size (Van Langevelde 2003, 
Ripple and Beschta 2012, Venter et al. 2018). Small plants are at greater risk of complete top-kill 
(i.e. death of all above-ground biomass) by fire (Briggs et al. 2002, Hoffman et al. 2009, 
Twidwell et al. 2013). If fire periodically returns so that top-kill repeatedly occurs, then plants 
can be consigned to a fire-trap, wherein established plants survive fire but are inhibited from 
reaching maturity, which prevents the expansion of woody encroachment or gradually reverses it 
through attrition (Higgins et al. 2007, Hoffman et al. 2009, Grady and Hoffman 2012). Yet size 
alone does not fully determine susceptibility to the fire-trap (Hoffman et al. 2009).  
Fire intensity impacts the strength of the fire-trap, as low-intensity fires may not 
completely top-kill plants (Briggs et al. 2002, Twidwell et al. 2013). Large herbivores which 
graze decrease fire intensity, as grazers consume fine fuel (Thaxton and Platt 2006, Dacy and 
Fulbright 2009), and create discontinuous fuel beds (Derner and Whitman 2009, Davies et al. 
2010). The community of large herbivores in the Great Plains historically contained a mix of 
grazers and browsers (Seton 1925), but it has been extirpated and replaced almost exclusively 
with cattle (Bos taurus; Miller et al. 2012). Cattle graze and browse (Hedtcke et al. 2009, 
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Gagnon and Chew 2000), and Bos taurus derives about 10% of its diet from woody plants 
(Plumb and Dodd 1993). As a result, cattle can affect both plant size and fire intensity, which 
makes the effects of fire combined with cattle grazing unclear (Van Langevelde et al. 2003, 
Higgins et al. 2007, Allred et al. 2011).  
Coupling fire and grazing may mitigate reductions in fire intensity because periodic 
burning causes herbivores to move as they seek more nutritious forage in recently burned areas 
(Fuhlendorf and Engle 2004, Ansley et al. 2010, Wilcox et al. 2018). Instituting patchy fires and 
grazing at moderate stocking levels can establish focal grazing, which forms a grazing lawn 
where the vegetation is cropped uniformly to the ground (Scasta et al. 2016). Over time, 
intensively grazed areas are abandoned by large herbivores for newly burned patches, resulting 
in a shifting mosaic of heterogeneous patches across the landscape in various stages of recovery 
(Fuhlendorf and Engle 2004, Duchardt et al. 2016).  
Though the fire-grazing interaction is increasingly used for grassland management (e.g. 
Miller et al. 2012, Duchardt et al. 2016), we do not fully understand how the practice affects 
woody encroachment (Wilcox et al. 2018). To fill this knowledge gap, we compared the fire-
grazing interaction to other regimes involving grazing and prescribed fire. Our first hypothesis 
was that combined fire and grazing establishes two environmental filters that act together to 
make it more difficult for plants to persist. As a result, fewer species become established, and 
woody encroachment decreases compared to the areas that are burned but not grazed. We 
predicted that the number of excluded species would be equal in both fire-and-grazing 
treatments, since grazing pressure is approximately equal in both treatments (Allred et al. 2012) . 
Our second hypothesis was that the patch-burn-graze treatment consigns plants to the fire-trap 
more effectively than the graze-and-burn treatment, because focal grazing concentrates sub-
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lethal browsing on the most recently burned patch and reduces the amount of fuel lost by 
grazing. As a result of the cumulative effects of environmental filtering, increased browsing, and 
higher fire intensity, we predicted the patch-burn-graze treatment would have the lowest 
abundance of woody plants. Since browsing pressure and fuel accumulation is lower in the 
graze-and-burn treatment, woody plant abundance would be intermediate, and since all three are 
absent in the burn-only treatment, fire alone would have the highest amount of woody 
encroachment.  
 
METHODS 
Study Region 
We sampled 11 sites (15.4-35.0 ha; Figure 1) in Ringgold County, Iowa, and Harrison County, 
Missouri, USA, in the Grand River Grasslands, a 62,000-ha region in the Central Tallgrass 
Prairie Ecoregion (Figure 1). The Grand River Grasslands has been identified as the best-known 
opportunity to restore a functional tallgrass prairie in the Midwest, because 15% of the land is 
protected and the > 80% is grass (Miller et al. 2012). The topography is characterized by rolling 
hills, with loess soils along ridgetops and glacial till on hill slopes (United States Department of 
Agriculture, 2017). Mean slope at surveyed areas was 5.7º (0.64–10.8º) and elevation was 344 m 
(318–364 m; National Elevation Dataset). The average monthly precipitation was 12.0 cm and 
the average temperature was 27.9ºC from May to August in 2017 and 2018 (United States 
Climate Data, 2019).  
The predominant land cover within 1 km of our sites was grassland (58%), comprising 
pastures, hayfields, and native prairie; woodlands (22%); and row crops (18%; Duchardt et al. 
2016). Dominant native herbaceous plants include Schizachyrium scoparium (little bluestem), 
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Sporobolus clandestinus (rough dropseed), Solidago altissima (Canada goldenrod), and Carex 
spp. (sedges). Festuca arundinaceae (tall fescue), Bromus inermis (smooth brome), and Lotus 
corniculatus (bird's-foot trefoil) are dominant non-natives (Duchardt et al. 2016). The most 
common native woody plants are Symphoricarpos orbiculatus, Rubus allegheniensis, and Cornus 
drummondii, and the dominant non-natives are Maclura pomifera and Rosa multiflora (Table 1).  
 
Study Design 
Each site was divided into three patches of approximately equal area and assigned to one of three 
treatments: patch-burn-graze (n = 4), graze-and-burn (n = 4), and burn-only (n = 3). All sites 
were burned during the late dormant season from mid-March to early-April, and all of the fire-
and-grazing sites were fenced around their perimeters. Sites in the patch-burn-graze treatment 
had free access for cattle with one patch burned annually. The graze-and-burn treatment featured 
one site-wide burn every three years with free access for cattle, and the burn-only treatment had 
one site-wide burn every three to five years and no grazing. Treatments were initiated in 2007 
(Table A1). Beginning in 2012, the stocking rate of each site was adjusted annually on the basis 
of plant biomass remaining at the end of the previous grazing season (2.5 AUM ha– 1 on average; 
Duchardt et al. 2016). Adaptive stocking ensured that the number of cattle relative to the amount 
of available forage was the same between sites and between years. 
 
Vegetation Surveys 
In 2007, permanent line transects were nonrandomly established to avoid pre-established patches 
of woody encroachment (e.g. riparian areas, wooded fence lines) and to maximize the amount of 
grassland area surveyed. Depending on the size of each site, 3-9 transects were placed per site, 
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and each transect was 100-300 m in length. Each transect was set ≥ 50 m apart to maintain 
independent samples (Keeley and Zedler 1978, Nesmith et al. 2006). In July of each year, 90 
0.50-m2 quadrats (30 per patch) were placed 25 m to either side of each transect (Figure 2). From 
2012 – 2018, we measured two indicators of fire intensity: litter depth and litter cover in the last 
year of the burn cycle (i.e. the last growing season before fire returns). The percent cover of litter 
was visually estimated and recorded as the midpoint of the following categories: 0, 1-5, 5-25, 25-
50, 50-75, 75-95, and 95-100% (Daubenmire 1959). Litter depth was measured to the nearest 
0.25 cm at one random point within each quadrat. 
 We sampled woody cover in 2017-2018 from July-August. In 2017, we subdivided the 
permanent transects into 100-m subsections. Then, we randomly chose one side of each 
subsection and established a 100-×-2-m belt transect 25 m from and parallel to each subsection, 
to approximately overlap the litter sampling. In 2018, we established these belt transects on the 
opposite side of the subsections as in the previous year (Figure 2).  
Within each belt transect, we measured all woody ramets ≥ 0.5 m in height. A ramet is 
defined as an individual plant or clonal fragment that is rooted and which may originate either 
from seeds or nodes of aerial layering stems (Nesmith et al. 2006, Scasta et al. 2014). For each 
ramet, we recorded the species, measured the maximum height to the nearest decimeter (dm), 
and counted the number of live and dead stems arising from the root crown (i.e. basal stems). 
Trees were counted as one ramet and boles were counted as stems. Hereafter we refer to ramets 
as plants. 
In addition to litter cover and litter depth along the line transects, we measured the litter 
cover around each plant as a third metric of fire intensity. In 2018, we visually estimated the 
litter cover under the crown of each plant in belt transects on sites in the last year of the burn 
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cycle. Scaling the measurements to the size of each individual crown can be a better estimate of 
the fire intensity perceived by each plant than patch-wide measurements (Twidwell et al. 2009). 
Litter cover under the crown was estimated to the nearest 10%.  
We calculated the mean slope, mean aspect, and mean elevation along the belt transects 
using a 3-m resolution digital elevation model (DEM) of Ringgold County, IA, and Harrison 
County, MO, (National Elevation Dataset) and the Spatial Analyst tool in ArcGIS version 10.5.1 
(Environmental Systems Research Institute, Redlands, CA, 2019). 
 
Data Analyses 
All analyses were performed with R Statistics version 3.5.1 (R Core Team, 2019). To test the 
effect of treatment on woody encroachment, we used a generalized linear model with a Gaussian 
distribution and identity link function to estimate the number of woody plants per belt transect 
(plants/200 m2) due treatment. The unit of replication was the belt transect, the independent 
variable was the number of plants per belt transect, and the dependent variable was treatment. 
We also included years-since-burn, mean belt-transect elevation, mean belt-transect slope, mean 
belt-transect aspect, and site (nested within treatment) as additive covariates in the model, to 
control for the impacts of topographical variation on woody encroachment (Abrams et al. 1986, 
He et al. 2017). Then we generated the least-squared mean resulting from each treatment, and 
used Tukey’s test for multiple comparisons to compute the statistical significance of the pairwise 
differences between the means.  
We did not use generalized linear mixed models because they were poor approximations 
of the number of plants due to treatment, likely due to high variance among samples. When 
pasture was incorporated as a repeated measure, the maximum likelihood estimation did not 
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converge on a solution. When pasture was treated as a random variable, the least-squared mean 
number of plants per transect due to each treatment was the same as the means estimated by the 
generalized linear model, but the mixed model was imprecise (e.g. 95% confidence interval = 
27.4-232.9 in the burn-only treatment; -55.8-120.8 in the graze-and-burn treatment; and -52.9-
123.1 in patch-burn-graze).  Giant confidence intervals signal that simplifying the model is 
appropriate (Bolker et al. 2008). Furthermore, the correlation between the number of plants per 
belt transect and site identity was low (|r| = 0.15), indicating that it is reasonable to treat each belt 
transect as an independent sample with respect to site identity (Dormann et al. 2013).  
 
Environmental filtering 
To evaluate the effect of treatment on community composition, we built a community matrix by 
calculating the average number of plants per species per belt transect in each site. From this 
community matrix, we generated a dissimilarity matrix using Bray-Curtis distances (Field et al. 
1982, Warton et al. 2012). Permutational multivariate analysis of variance (PerMANOVA) was 
used to test if treatment accounted for the community dissimilarity. PerMANOVA is a non-
parametric test which uses partitioned variance to generate an F-statistic and permutation to 
generate p-values (Duchardt 2014).  
 To test if fire and grazing, combined, filtered more species than fire alone, we compared 
species richness among treatments using sampled-based rarefaction, as rarefaction accounts for 
unequal sampling effort among treatments. Rarefaction curves are produced by randomly re-
sampling a pool of N samples, and plotting the average number of species represented by 1, 2, … 
N samples. Then richness is reported at 1-N of the treatment with the least sampling effort 
(Gotelli and Colwell 2001, Newman et al. 2018). In our analysis, each treatment was a separate 
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pool, N was the number of belt transects in each treatment, and the number of permutations was 
10,000. Rarefaction and PerMANOVA were performed using the ‘vegan’ package (Oksanen et 
al. 2019). 
To visualize the differences in community composition among treatments, we plotted 
rank-abundance curves, which plots species in sequences from most to least abundance along the 
x-axis and displays relative abundance on the y-axis (Magurran 2004, Benson and Hartnett 
2006). Relative abundance was measured by calculating the species frequency per treatment (i.e. 
the number of plants by the number of belt transects sampled per treatment; Heisler et al. 2003). 
We did not visualize community composition with methods based on community dissimilarity 
matrices (i.e. NMDS), because the resulting patterns can be confounded when the relationships 
between mean and variance of the count data is not homogenous among species (reviewed by 
Warton et al. 2012), as was the case for our data.  
We observed post-hoc that shifts in community composition among treatments were 
patterned according to specific plant traits; specifically, the ability to spread vegetatively (Fahrig 
et al. 1994, Nesmith et al. 2006, Eilts et al. 2011, Ratacjzak et al. 2011); and the maximum 
height at ultimate growth form (Pettit et al. 1995, Mabry 2002, Diaz et al. 2004, Mabry and 
Fraterrigo 2009, Kraft et al. 2015). Data on species traits were acquired from published floristic 
descriptions (McGregor et al. 1986) and the PLANTS Database (United States Department of 
Agriculture, 2019). 
 
Fire-trap 
To evaluate the ability for fire-and-grazing practices to set a fire-trap, we compared plant size 
and fuel load among treatments. To estimate fuel load, we conducted two one-way ANOVAs, 
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with litter cover and litter depth as independent variables, respectively, and treatment as the 
dependent variable. The patch was the unit of replication, so each replicate was a mean of all 
litter measurements within a single patch. We then evaluated fuel load under the crown of each 
plant using a generalized linear model with a Gaussian distribution and identity link function. 
Litter cover under the crown the independent variable, and treatment was the dependent variable. 
The plant was the unit of replication. For all three measurements of fuel load, we generated the 
least-squared mean resulting from the treatments and used Tukey’s test for multiple comparisons 
to compute the statistical significance of the pairwise differences between the treatment-level 
means. 
To evaluate plant size among the treatments, we constructed two generalized linear 
models to compare the total number of live stems, and plant height, among conspecifics that 
were common in all three treatments. The plant was the unit of replication. For height, we 
excluded individuals > 50 m tall (0.009% of observations) because they were outliers that biased 
the treatment-level averages. In these models, we used the quasi-Poisson distribution and log link 
functions. Treatment was the independent variable, and we included plant species identity, years-
since-burn, and the mean slope, aspect, and elevation of the belt transect where the plants 
occurred as additive fixed effects. We then modeled the stem count and height of each species 
separately to understand the effect of treatment on a per-species basis. We used separate models 
for each species instead of one model with an interactive term because the number of plants was 
uneven between species, leading to imprecise estimates. 
To evaluate the effect of treatment, a Type III analysis of deviance was used to generate 
the likelihood-ratio chi-square value (χ2) and associated p-values (Riginos and Grace 2008). We 
also calculated the odds ratio to show the change in plant size between the treatments. The 
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relative level was the burn-only treatment, so subtracting one from the odds ratio gives the 
percent change of the size of conspecifics relative to the burn-only treatment, and the p-value is 
the likelihood that the difference from burn-only is other than zero. The odds ratios and 
associated p-values were calculated using the ‘sjPlot’ package (Ludecke and Schwemmer 2019).  
 
RESULTS 
We sampled 105 belt transects distributed over 11 sites and 33 patches in 2017, and 77 belt 
transects distributed over 11 sites and 31 patches in 2018 (Table A2). In total, 34 belt transects 
were sampled in the burn-only treatment, 69 in the graze-and-burn treatment, and 79 in the 
patch-burn-graze treatment. There were fewer transects in the burn-only treatment because there 
is one-less replicate and the sites are smaller (Table A1). We measured 8401 plants of 38 species. 
We encountered 3245 plants in the burn-only treatment, 1983 plants in the graze-and-burn 
treatment, and 3173 plants in the patch-burn-graze treatment. The most common species were 
Symphoricarpos orbiculatus, Rubus allegheniensis, and Cornus drummondii (39%, 26%, and 9% 
of all observations; Table 1).  
The burn-only treatment resulted in a 400% increase in the abundance of plants compared 
to both of the fire-and-grazing treatments (generalized-R2 = 0.38, df = 181; burn-only vs. graze-
and-burn, p < 0.0001; burn-only vs. patch-burn-graze, p < 0.0001). Contrary to our prediction, 
there was no difference in the abundance of plants between the fire-and-grazing treatments 
(graze-and-burn vs. patch-burn-graze, p = 0.31). The burn-only treatment resulted in 130.21 
plants per belt transect (standard error [SE] = 15.99), the graze-and-burn treatment resulted in 
20.90 (SE = 11.96), and the patch-burn-graze treatment resulted in 46.32 (SE = 10.80).  
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Environmental filtering 
Treatment accounted for 32% of the plant community dissimilarity (PerMANOVA: F(2,10) = 1.94, 
R2 = 0.32, p = 0.02). Species richness was at least equal in all three treatments (burn-only: 23.9, 
standard deviation [SD] = 0.32; graze-and-burn: 23.9, SD = 2.14,; patch-burn-graze: 24.1, SD = 
2.78), or possibly highest in the patch-burn-graze treatment, as its rarefaction curve exceeded 
those of burn-only and graze-and-burn (Figure 3).  
There were substantial shifts in community composition among treatments (Figure 4). 
Two species, Rhus glabra (smooth sumac) and Rosa carolina (pasture rose), were common in 
the burn-only treatment but rare or absent in the fire-and-grazing treatments. Yet in turn, two 
species that were rare in the burn-only treatment, Rosa multiflora (multiflora rose) and Maclura 
pomifera (osage orange), became common in the graze-and-burn and patch-burn-graze 
treatments.  
Almost all species in the burn-only treatment were vegetative-spreaders, which also 
tended to be short (i.e. < 5 m) in their ultimate growth forms. In the graze-and-burn treatment, 
vegetative-spreaders decreased in dominance, while species with tall (i.e. ≥ 25 m) were more 
numerous, though their frequencies were low (i.e. < 1 plant per belt transect; Figure 4).  
The community composition of the patch-burn-graze treatment presented as intermediary 
between the burn-only and graze-and-burn treatments. Like the graze-and-burn treatment, 
species with tall ultimate growth forms were more likely to occur on the patch-burn-graze 
treatment, and to have relatively low abundances. Yet similar to burn-only, the patch-burn-graze 
treatment was dominated by species that can spread vegetatively, as four of the top-five most-
dominant species of the burn-only treatment were also the most dominant in the patch-burn-
graze treatment (Figure 4).  
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Fire-trap 
Average litter depth in the patch was highest in the burn-only treatment, intermediate in the 
patch-burn-graze treatment, and lowest in the graze-and-burn treatment (Table 2; treatment: 
F(2,45) = 9.95, p = 0.0003; burn-only vs. graze-and-burn, p < 0.0001; burn-only vs. patch-burn-
graze, p = 0.0008; graze-and-burn vs. patch-burn-graze, p = 0.06). Average litter cover in the 
patch was approximately equal among all three treatments (Table 2; treatment: F(2,45) = 0.92, p = 
0.41; burn-only vs. graze-and-burn, p = 0.08; burn-only vs. patch-burn-graze, p = 0.12; graze-
and-burn vs. patch-burn-graze, p = 0.96). Lastly, litter cover under the crown of each plant was 
equal in the graze-and-burn and patch-burn-graze treatments, and 10% lower in the burn-only 
treatment (Table 2; generalized-R2 = 0.21, df = 931; burn-only vs. graze-and-burn, p < 0.0001; 
burn-only vs. patch-burn-graze, p < 0.0001; graze-and-burn vs. patch-burn-graze, p = 0.94). 
Treatment also had a large effect on the number of live stems and height per plant. 
Comparing the conspecifics of eight species which were common enough to be compared among 
treatments, treatment had a significant effect on the number of stems (χ2 = 75.71, p < 0.0001; 
generalized-R2 = 0.22, df = 7659) and height (χ2 = 134.8 and p < 0.0001; generalized-R2 = 0.29, 
df = 7662). The graze-and-burn and patch-burn-graze treatments increased the number of stems 
per plant by 25% relative to the burn-only treatment (p < 0.0001 and p < 0.0001, respectively). 
Comparing height, the burn-only and graze-and-burn treatments had the same effect (p = 0.82); 
however, the patch-burn-graze decreased height by 10% compared to the burn-only treatment (p 
< 0.0001; Figure 5).  
On a per-species basis, the treatment effect on number of stems the was equal between 
the patch-burn-graze and graze-and-burn treatments for every species (i.e. the 95% confidence 
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intervals of the odds ratios overlapped). However, the effects on plant height varied between the 
graze-and-burn and patch-burn-graze treatments for five species: Rubus allegheniensis, 
Symphoricarpos orbiculatus, Rubus occidentalis, Cornus drummondii, and Ulmus rubra (Figure 
6). 
 
DISCUSSION 
Both fire-and-grazing treatments reduced the number of woody plants four-fold compared to the 
burn-only treatment. Though we expected the burn-only treatment to have the greatest 
abundance of woody plants, we also predicted that the patch-burn-graze treatment would reduce 
woody encroachment the most. Instead, the graze-and-burn and patch-burn-graze treatments 
controlled woody encroachment equally well, at least in the short-term. Yet the two treatments 
appeared to do so through distinct ecological pathways. The graze-and-burn treatment 
established a stronger environmental filter, since it excluded more species. Meanwhile, the 
patch-burn-graze treatment appeared to consign plants to the fire-trap by increasing the fuel load 
(a proxy for fire intensity) and decreasing plant height. These mechanisms may impact woody 
encroachment differently in the long-term, possibly by altering plants’ colonization rate or 
disturbance-induced mortality.  
The main difference between the two fire-and-grazing treatments is grazing behavior. In 
the patch-burn-graze treatment, large herbivores concentrate their grazing on the most recently 
burned patch (Allred et al. 2012).  In contrast, on the graze-and-burn sites, large herbivores roam 
the entire site and graze at small scales (Vinton et al. 1993, Fuhlendorf and Engle 2001). 
However, overall grazing pressure is equivalent in these two systems as long as the number of 
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cattle is the same relative to the amount of available forage (Scasta et al. 2016, Bielsky et al. 
2019).  
Since we use adaptive stocking and approximately equal stocking rates on our sites, we 
expected to find the same amount of environmental filtering in both fire-and-grazing treatments. 
Instead, we found that the distribution of large herbivores may regulate environmental filtering 
rather than grazing pressure (Collins and Smith 2006). Specifically, the continuous movement of 
large herbivores across the site may prevent species which can spread vegetatively from 
establishing in the graze-and-burn treatment. In contrast, focal grazing may give vegetative-
spreaders the opportunity to invade, as the unburned patches go relatively undisturbed until fire 
returns (Allred et al. 2012). One explanation for this pattern may be that environmental filtering 
has a greater impact at the germination (i.e. colonization) stage of invasion rather than after 
plants have established (With 2002). If so, then grazing behavior may select for specific seed 
traits. 
Seed mass and seed bank longevity are hypothesized to be important persistence traits for 
surviving in disturbed environments (Mabry 2004, Fraterrigo 2016). Though our ability to 
analyze trait differentiation between the treatments was limited because we did not measure 
seeds, and trait patterns are often inconsistent due to phenotypic plasticity (Lavorel et al. 2007, 
Mayfield et al. 2013), we observed that the species with the tallest ultimate growth forms (i.e. ≥ 
25 m trees) associated with the fire-and-grazing treatments. Tall trees tend to have larger seed 
masses (Moles et al. 2007), so by corollary, maximum height in the ultimate growth form may 
also be a persistence trait (Diaz et al. 2004, Kraft et al. 2015). Furthermore, shifting community 
composition in this direction could potentially decrease the rate of woody encroachment in the 
long-term, as species with large seeds tend to produce fewer of them (Henery and Westoby 
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2001), and reduced seed output decreases dispersal ability which then decreases the colonization 
rate of new grassland patches (Mabry 2004, Foster et al. 2011).  
Environmental filtering also highlights that managers looking to control woody 
encroachment should consider how different treatments may select for different woody species. 
Fire combined with grazing kept two problematic species, Rhus glabra and Cornus drummondii, 
in check (see also Hajny et al. 2011, Ratjzcak et al. 2014a). However, two other invasive species, 
Maclura pomifera and Rosa multiflora, actually increased on grazed sites. In addition, some 
woody plant species are of conservation concern rather than nuisance species (Van Der Linden 
and Farrar 2016).  
Meanwhile, the patch-burn-graze treatment appeared to control woody encroachment by 
consigning the population to a fire-trap (Higgins et al. 2007, Grady and Hoffman 2012). The fire-
trap model states that factors that inhibit plant growth within the fire-return interval can control 
populations that are otherwise resilient to fire (Higgins et al. 2007, Grady and Hoffman 2012). In 
our case, the plant population displayed some properties of fire resiliency. Specifically, litter 
depth across the patch increased 2-3 times in the burn-only treatment, yet woody plants were 
400% more abundant on the burn-only treatment than the fire-and-grazing treatments.  
Resilience to fire might occur if fire is not spreading as well to the base of the plants due 
to gaps in the fuel load under the crown (Twidwell et al. 2009). We found that litter cover under 
the crown decreased 10% in the burn-only treatment compared to both fire-and-grazing 
treatments. One explanation for this result may be that the burn-only treatment has passed a 
threshold of woody plant density (Heisler et al. 2004, Twidwell et al. 2013), after which woody 
plants become increasingly more likely to establish and fuel load and fire intensity continues to 
decrease (Van Langevelde et al. 2003, Twidwell et al. 2013). Another explanation may be that 
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resilience to fire is conferred through an evolutionary advantage (Bond and Keeley 2005, Hendry 
2019). Since resprouting plants evolved in fire-prone environments, they may be resilient to all 
but extreme fires (Keeley and Zedler 2009, Twidwell et al. 2016). Extreme fires are 
characterized by atypical behaviors, such as sudden blow-ups and fire whirls, and as much as a 
60-fold increases in fire intensity compared to traditional prescribed fire (e.g. 20 versus 1220 kW 
m-1; Twidwell et al. 2016). On our sites, the prescribed fires were applied traditionally, so even 
if the burn-only treatment has greater fire intensity relative to the fire-and-grazing treatments, it 
might not be high enough to control woody encroachment. Therefore, another factor in addition 
to prescribed fire is necessary to keep plants in the fire-trap (Grady and Hoffman 2012).   
Sub-lethal browsing by large herbivores is one exogenous factor with a key role in 
inhibiting plant growth (Van Langevelde et al. 2003, Higgins et al. 2007, Ripple and Beschta 
2012). Though we did not survey browsing directly, we compared the height of conspecifics 
between the treatments and found that only the patch-burn-graze treatment decreased plant 
height. This pattern aligns with how grazing behavior changes between the two treatments. 
When grazing is at small scales, cattle graze small patches of mainly grasses and leave 
unpalatable woody plants conspicuously ungrazed (Vinton et al. 1993, Knapp et al. 1999, 
Fuhlendorf and Engle 2001; e.g. Figure 7A). As such, in the graze-and-burn treatment, we found 
that only Rubus allegheniensis, Cornus drummondii, and Maclura pomifera were browsed, and 
the other species increased in height or did not change. In contrast, in the patch-burn-graze 
treatment, nearly all species were browsed and the amount of change was more uniform across 
species (e.g. Figure 7B), which might occur if browsing, as well as grazing, is uniform on the 
most recently burned patch.  
41 
In theory, browsing should trigger plants to resprout more stems as a defensive response 
(Archibald and Bond 2003, Bond and Keeley 2005; e.g. Figure 8). We found that the number of 
live stems increased by 25% in both fire-and-grazing treatments. One reason we may not have 
detected more stems in the patch-burn-graze treatment is because we only measured basal stems 
(i.e. emerging from the root crown), and resprouting also occurs epicormically (i.e. from stems 
or branches; Archibald and Bond 2003, Pausas and Keeley 2017).  The act of resprouting stems 
temporarily decreases resource allocation to the basal root structures (Iwasa and Kubo 1997), so 
resprouting multiple times throughout the growing season can deplete these reserves and kill 
plants (Bowen and Pate 1993, Vilà and Terradas 1995). Sub-lethal browsing may thus increase 
woody plant mortality in the long-term.  
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TABLES 
Table 1: Woody plant species and number of individuals sampled in grassland sites with 100-×-
2-m belt transects, each receiving one treatment (burn-only [3 sites, 34 belt transects]; graze-and-
burn [4 sites, 69 transects]; patch-burn-graze [4 sites, 79 belt transects), and in total [11 sites, 105  
belt transects], in the Grand River Grasslands in Ringgold County, Iowa, and Harrison County, 
Missouri, USA. 
Species Total 
Burn-
only 
Graze-
and-burn 
Patch-
burn-graze 
Symphoricarpos orbiculatus (coralberry) 3253 375 1441 1437 
Rubus allegheniensis (Allegheny blackberry) 2157 1927 21 209 
Cornus drummondii (rough-leaf dogwood) 772 361 16 395 
Prunus americana (American plum) 501 100 14 387 
Rubus occidentalis (black raspberry) 404 76 108 220 
Ulmus rubra (slippery elm) 257 56 52 149 
Maclura pomifera (osage orange) 201 4 96 101 
Rhus glabra (smooth sumac) 163 162 0 1 
Rosa multiflora* (multiflora rose) 134 2 71 61 
Rosa carolina (pasture rose) 71 64 3 4 
Xanthoxylum americanum (prickly ash) 48 0 0 48 
Lonicera tatarica* (Tatarian honeysuckle) 46 5 6 35 
Gleditsia triacanthos (honey locust) 40 16 11 13 
Morus rubra (red mulberry) 39 2 27 10 
Quercus imbricaria (shingle oak) 37 8 10 19 
Ribes missouriense (Missouri gooseberry) 32 0 21 11 
Fraxinus pennsylvanicus (green ash) 25 10 14 1 
Craetagus mollis (downy hawthorn) 24 0 0 24 
Cornus racemosa (grey dogwood) 21 20 0 1 
Juglans nigra (black walnut) 20 1 5 14 
Craetagus spp. (unknown hawthorn spp.) 18 18 0 0 
Lonicera maackii* (Amur honeysuckle) 14 0 13 1 
Juniperus virginiana (eastern red cedar) 14 0 6 8 
Sambucus canadensis (black elderberry) 13 13 0 0 
Morus alba* (white mulberry) 12 3 9 0 
Crataegus crus-galli (cockspur hawthorn) 10 0 5 5 
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Table 1 continued …      
Species Total 
Burn-
only 
Graze-
and-burn 
Patch-
burn-graze 
Quercus macrocarpa (bur oak) 7 0 5 2 
Rosa arkansana (prairie rose) 7 0 6 1 
Elaeagnus umbellata (autumn olive) 6 5 0 1 
Amorpha canescens (leadplant) 5 5 0 0 
Unknown spp. (unknown spp.) 5 0 4 1 
Celtis occidentalis (hackberry) 4 0 3 1 
Acer negundo (boxelder) 3 0 3 0 
Quercus rubra (red oak) 3 0 1 2 
Rosa spp. (unknown rose spp.) 3 0 2 1 
Viburnum spp. (unknown arrowood spp.) 3 2 0 1 
Prunus virginiana (choke cherry) 2 0 0 2 
Populus deltoides (cottonwood) 2 0 2 0 
Ulmus pumilla* (Siberian elm) 2 1 0 1 
Cornus spp. (unknown dogwood spp.) 2 1 0 1 
Salix spp. (unknown willow spp.) 2 0 2 0 
Rhamnus lanceolata (lance-leaf buckthorn) 1 0 0 1 
*species which are not native to North America 
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Table 2: Treatment effects on fuel load in the year before fire returns (burn-only, graze-and-burn, 
patch-burn-graze). Patch litter depth (cm) and patch litter cover (%) refer to average 
measurements calculated from 30 0.5-m2 quadrats per patch from 2012-2018 (burn-only [n = 11 
patches]; graze-and-burn [n = 24 patches]; patch-burn-graze [n = 28 patches]. Crown litter cover 
(%) refers to the amount of litter under the crown of every plant sampled in belt transects in 2018 
(burn-only [n = 335 plants]; graze-and-burn [n = 309 plants]; patch-burn-graze [n = 293 plants]. 
Values are least-squared means (± SE).  
Treatment Patch litter depth Patch litter cover Crown litter cover 
Burn-only 3.62 (0.49) 86.05 (6.01) 80.23 (1.80) 
Graze-and-burn 1.05 (0.32) 77.84 (3.93) 92.21 (1.69) 
Patch-burn-graze 2.14 (0.23) 77.17 (2.78) 90.60 (1.69) 
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FIGURES  
Figure 1: Map of the grassland sites, each composed of three patches, receiving one of three treatments (burn-only [n = 3 sites, pink]; 
graze-and-burn [n = 4 sites, purple]; patch-burn-graze [n = 4 sites, blue]) in the Grand River Grasslands in Ringgold County, Iowa, 
and Harrison County, Missouri, USA. (B): gray polygons are the three areas where the study sites were located. (A) and (C): site and 
patch boundaries overlaid on a 2015 orthophoto of Ringgold County. (D): site and patch boundaries overlaid on a 2015 orthophoto of 
Harrison County. 
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 Figure 2: Schematic of the sampling design. Each site was divided into three patches with 1-3 
permanent line transects (100-300 m). Quadrats (30 per patch) were distributed along the line 
transects in 2012-2018 to sample the fuel load across the patch. In 2017, the line transects were 
separated into subsections. One side of each subsection was randomly chosen, and a 100-×-2-m 
belt transect was placed in approximately the same location as the quadrats. In 2018, belt 
transects were placed on the opposite side of the subsection. We sampled woody plants once in 
each belt transect.  
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Figure 3: Sample-based rarefaction curves comparing species richness among treatments (burn-
only [n = 34]; graze-and-burn [n = 69]; and patch-burn-graze [n = 79]). Rarefaction curves 
generate the mean species richness from repeated re-sampling of pooled samples (i.e. the belt 
transects). Values are the mean; shaded areas represent ± 1 SD.  
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Figure 4: Rank-abundance curves for the (A) burn-only treatment, (B) graze-and-burn treatment, and (C) patch-burn-graze treatment. 
Species are ranked from most to least abundant on the x-axis. Two species traits are denoted: ability to spread vegetatively (yes/no) 
and maximum height at ultimate growth form (< 5 m, 5-24 m, or ≥ 25 m). Values are relative frequency, which was the number of 
plants divided by the total number of belt transects in each treatment (burn-only [n = 34]; graze-and-burn [n = 69]; patch-burn-graze [n 
= 79]), and are shown on the log-scale for display. Negative values indicate frequency is < 1. 
 
 (A) 
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Figure 4 continued … 
(B) 
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Figure 4 continued … 
(C) 
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Figure 5: Treatment effect on plant height and number of live stems of conspecifics of eight 
species (Rubus allegheniensis, Symphoricarpos orbiculatus, Rubus occidentalis, Cornus 
drummondii, Maclura pomifera, Prunus americana, Ulmus rubra, and Rosa multiflora), which 
were common enough to be compared among treatments (burn-only, graze-and-burn, and patch-
burn-graze). Values are the odds ratios from the graze-and-burn and patch-burn-graze treatments 
relative to burn-only; error bars are 95% confidence intervals.  
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 Figure 6: Treatment effect on plant height of conspecifics of individual species which were common enough to be compared among 
treatments (burn-only, graze-and-burn, patch-burn-graze). Rosa multiflora is not shown for graphical display, as the confidence 
intervals were (-2, 10). Values are the odds ratios from the graze-and-burn and patch-burn-graze treatments relative to burn-only; error 
bars are 95% confidence intervals. 
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Figure 7: (A) Ungrazed woody plants, mostly Symphoricarpos orbiculatus, surrounded by 
grazed grasses in the graze-and-burn treatment. (B) A mixed-species stand of woody plants, 
mostly Maclura pomifera and Cornus drummondii, in the patch-burn-graze treatment. The inset 
shows Cornus drummondii stems which have been uniformly browsed. 
(A) 
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Figure 7 continued … 
(B) 
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Figure 8: (A) Ulmus rubra plant with a multi-stemmed growth form, indicative of being browsed 
and resprouting many stems as a defensive mechanism. (B) Ulmus rubra with a tall growth form, 
suggesting this plant has never been browsed. 
(A) 
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Figure 8 continued … 
(B) 
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CHAPTER 3: FIRE-AND-GRAZING PRACTICES ACCOMMODATE AVIAN SPECIES 
FROM MULTIPILE GUILDS IN GRASSLAND-WOODLAND ECOTONES 
 
ABSTRACT 
Woody encroachment is not always a form of land degradation. Instead, dynamics of disturbance 
and succession can establish transitional ecotone habitats, which may be biodiversity hotspots. 
Yet the diversity of ecotones also poses a management challenge, since not all taxa respond the 
same way to vegetation features, nor to management practices which alter habitats. We sought to 
understand whether practices involving fire and grazing change vegetation in ways that 
accommodate the multiple avian guilds in ecotones. We surveyed vegetation and songbirds on 62 
50-m-radius plots within 19 sites in the Grand River Grasslands in southern Iowa from 2017 and 
2018. Each site received one treatment: patch-burn-graze [6 sites, 18 plots], with spatially 
discrete fires and free access by cattle; graze-and-burn [4 sites, 12 plots], with free access by 
cattle and a single burn of the entire site every three years; or burn-only [9 sites, 32 plots], which 
received one or two site-wide burns since 2012 and no grazing. The patch-burn-graze and graze-
and-burn treatments were both correlated with two-fold less woody cover within plots, and 6-
dm-lower understory height than the burn-only treatment. Seven shrubland bird species and one 
woodland species increased in abundance or presence as understory height increased, suggesting 
that combining fire and grazing may discourage these species. In addition, one grassland species 
and five shrubland species increased as the amount of woody cover decreased, suggesting that 
maintaining ecotones with low amounts of woody encroachment may accommodate grassland 
and shrubland species.  
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INTRODUCTION 
Although grasslands worldwide are being altered by woody encroachment, these changes are not 
always a form of land degradation (Eldridge et al. 2011, Bestelmeyer et al. 2018, Schooley et al. 
2018). Woody encroachment does not necessarily reduce the amount of habitat available for all 
species, but rather, it shifts the dominant vegetation from herbaceous to woody plants (Dussart et 
al. 1998, Eldridge et al. 2011). In response, vertebrate communities may also shift, in a 
compensatory manner, toward species that use shrubland and woodland resources (Brown et al. 
2001, Skowno and Bond 2003, Schooley et al. 2018).  A compensatory shift in the opposite 
direction can also occur when disturbances return woodlands and shrublands to grassland habitat 
(Hobbs and Gimingham 1987, Askins 2002). 
These dynamics of disturbance and succession establish areas of transitional ecotone 
habitat (Holland and Risser 1991, Hufkens et al. 2009). Grassland-woodland ecotones are 
characterized by the amount of woody encroachment they contain (McAdoo et al. 1989, Van 
Riper III et al. 2008), as encroachment forms a woody plant gradient that constitutes the 
ecotone’s stage of succession (Gosz 1992). The mid-range of the woody-plant gradient is 
shrubland habitat, while each end is interspersed with either grassland or woodland habitat (Gosz 
1993, Risser 1995, Temple 1998). This habitat diversity allows ecotones to be biodiversity 
hotspots, containing species from the adjacent habitat patches and species unique to the ecotone 
(Risser 1995, Smith et al. 1997, Duchardt et al. 2018). As a result of this biodiversity, ecotones 
may provide conservation opportunities for North American avifauna, as many grassland and 
shrubland birds are in steep decline (Askins 2002, Sauer et al. 2013), and several have been 
designated as regional and national priority species (Potter et al. 2007, Zoher 2015, Rosenberg et 
al. 2016). However, the diversity of ecotone assemblages also poses a challenge, as grassland 
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and shrubland guilds do not respond the same way to vegetation features (Cody et al. 1981, 
Temple 1998, Coppedge et al. 2001). 
Grassland birds that use or tolerate woody plants (Walk et al. 2010, Hill and Diefenbach 
2013), and shrubland birds that select for short (< 1.5 m), herbaceous understory (Schlossberg et 
al. 2010), are accommodated in areas with low amounts of woody encroachment (McAdoo et al. 
1989, Van Riper III et al. 2008, Mabry 2013). In contrast, habitats characterized by extensive 
woody plant invasions, woody understories, and canopy trees, favor woodland birds and 
shrubland species that rely on tall (> 1.5 m) vegetation (Brawn 2006, Schlossberg et al. 2010). 
Another important habitat feature is vertical heterogeneity within the habitat. Avian abundance 
and diversity generally increase as heterogeneity increases (MacArthur and MacArthur 1961, 
Rotenberry and Wiens 1980, Allouche et al. 2012); therefore, shrubland bird abundance is often 
low in homogenous patches (King and DeGraaf 2004, Chandler et al. 2009, Akresh et al. 2015). 
In contrast, grassland birds often increase in diversity and abundance in response to increasing 
vertical heterogeneity at broader scales, such as to high contrast in height among patches 
(Pillsbury et al. 2011, Duchardt et al. 2016), but have neutral responses to vertical heterogeneity 
at fine scales (Fischer and Davis 2010).  
Since these taxa rely on different vegetation states, they may not have the same responses 
to management practices that alter the habitat (Newman et al. 2018, Duchardt et al. 2018). For 
example, fire and grazing combined remove more plant biomass than fire alone, which may 
present trade-offs to different species by altering plant height (Coppedge et al. 1998, Midgley et 
al. 2010, Fuhlendorf et al. 2005). Coupling fire and grazing may also create different patterns of 
heterogeneity than other regimes involving grazing and prescribed fire (Fuhlendorf and Engle 
2004, Duchardt et al. 2016). Patchy fires and moderate stocking levels can institute focal grazing, 
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which creates a uniform grazing lawn on the most recently burned patch and releases the rest of 
the site from grazing (Scasta et al. 2016). Since the patches within the site are either uniformly 
grazed or relatively undisturbed, the vertical heterogeneity among patches increases, but the 
heterogeneity within patches diminishes (Vinton et al. 1993, Duchardt et al. 2016, Bielsky et al. 
2019). In regimes where the entire site is burned at once, large herbivores graze across the entire 
site; however, they are more selective about which plants they choose (Vinton et al 1993, Knapp 
et al. 1999), which results in increased vertical heterogeneity at fine scales (Olff et al. 1999, 
Montané et al. 2011).  
Yet to our knowledge, the effects of management involving fire and grazing on avian 
habitat selection have never been evaluated in grassland-woodland ecotones located in the 
Central U.S. Rather, woody encroachment is almost always viewed as a negative landscape 
change (Eldridge et al. 2011, Schooley et al. 2018), and the needs of grassland birds are often 
prioritized over those of shrubland species (Brawn 2006, Reiley and Benson 2019). To fill this 
knowledge gap, we first identified which vegetation features predicted avian community 
composition in ecotones (Fisher and Davis 2010, Dormann et al. 2013). Then we asked two 
questions: (1) How do these vegetation features impact the abundance of grassland, shrubland, 
and woodland species? (2) How do different practices involving fire and grazing, and varying 
levels of woody encroachment, alter these features? 
We predicted that practices combining fire and grazing would lower understory height 
more than fire alone, and that the patch-burn-graze treatment would create less vertical 
heterogeneity of canopy height compared to the graze-and-burn treatment. We expected 
grassland avian species to respond negatively to woody encroachment and negatively to 
increasing understory height, but to respond neutrally to vertical heterogeneity. Shrubland birds 
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that select for short, herbaceous understory, such as Geothlypis trichas (common yellowthroat) 
and Spizella pusilla (field sparrow), would respond negatively to woody encroachment, but 
respond positively to increasing understory height and vertical heterogeneity. Lastly, we 
predicted that shrubland birds that rely on later successional stages, such as Pipilo 
erythrophthalmus (eastern towhee), and Passerina cyanea (indigo bunting), and woodland birds, 
such as Pheucticus ludovicianus (rose-breasted grosbeak), would respond positively to these 
three features.  
 
METHODS 
Study Region 
We conducted this study in Ringgold County, Iowa, in the Grand River Grasslands, a 62,000-ha 
region in southern Iowa and northern Missouri (Figure 9A). The Grand River Grasslands has 
been identified as the best-known opportunity to restore a functional tallgrass prairie in the 
Midwest, because 15% of the land is protected and > 80% is grass (Miller et al. 2012). The land 
cover in the region is predominately comprised of pastures, hayfields, prairie, woodlands, and 
row crops (Duchardt et al. 2016). The topography is characterized by rolling hills, with loess 
soils along ridgetops and glacial till on hill slopes (United States Department of Agriculture, 
2017). The average monthly precipitation was 12.0 cm and the average temperature was 27.9ºC 
from May to August in 2017 and 2018 (United States Climate Data, 2019). 
Dominant native herbaceous plants are Schizachyrium scoparium (little bluestem), 
Sporobolus clandestinus (rough dropseed), Solidago altissima (Canada goldenrod), and Carex 
spp. (sedges). Festuca arundinacea (tall fescue), Bromus inermis (smooth brome), Poa pratensis 
(Kentucky bluegrass), and Lotus corniculatus (bird's-foot trefoil) are dominant non-native 
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species (Duchardt et al. 2016). Common native woody plants are Symphoricarpos orbiculatus 
(coralberry), Cornus drummondii (Rough-leaf dogwood), Ulmus rubra (slippery elm), and 
Quercus spp. (oaks), while Rosa multiflora (multiflora rose) and Maclura pomifera (osage 
orange) are dominant non-natives (Chapter 2, Table 1). 
 
Site Management 
We collected data on 19 sites in the summers of 2017 and 2018 (Figure 9B-C). Each site 
received one of three treatments: (1) patch-burn-graze [6 sites], (2) graze-and-burn [4 sites] and 
(3) burn-only [9 sites]. Sites in the patch-burn-graze treatment were delineated into three patches 
of approximately equal area. One patch was burned annually and cattle had free access to the 
entire site. The graze-and-burn treatment featured one site-wide burn every three years with free 
access for cattle, and the burn-only treatment had one or two site-wide burns since 2012 with no 
grazing. 
 The patch-burn-graze and graze-and-burn treatments began in 2007. These sites (17.8-
95.0 ha; x̄ = 34.4; standard deviation [SD] = 21.9 ha) were all fenced around their perimeters and 
burned during the late dormant season from mid-March to early-April. Beginning in 2012, the 
stocking rate of each site was adjusted annually on the basis of plant biomass remaining at the 
end of the previous grazing season (2.5 AUM ha– 1 on average; Duchardt et al. 2016). The burn-
only sites were unfenced, and we considered contiguous regions that had been burned in the 
same year to be individual sites (11.0-168 ha; x̄ = 65.5 ha; SD = 56.8 ha). We used this method 
in order to evenly distribute our sampling across the same years-since-burn as in the grazed 
treatments (Bradstock et al. 2005), because it is uncertain if the occupancy and abundance of 
shrubland birds varies with time-since-fire (Saab et al. 2004, Smucker et al. 2005, Akresh et al. 
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2015), or if there is no effect due to site fidelity (Hartung and Brawn 2005, Schlossberg 2009). 
However, the trade-off to this approach was that the burn history was only available since 2012 
(Figure B1, Table B1). 
 
Identifying Ecotones and Establishing Plots 
The 19 sites all had ecotones embedded within them. We defined an ecotone as any area where, 
if a 50-m-radius plot were placed, it would contain 10-100% woody cover, but no more than 
65% closed-canopy woodland (Temple 1998). To identify the ecotones within each site, one 
observer placed 50-m-radius circles over a 1-m-resolution, true-color orthophoto of Ringgold 
County, IA, from spring 2015 (Iowa Geographic Map Server) at 1:2000 resolution using ArcGIS 
10.5.1 (Environmental Systems Research Institute, Redlands, CA, 2019), and visually estimated 
the percent cover of woody plants within the circle to determine whether the area met the 
ecotone criteria. Circles were incrementally placed until the entire site was evaluated, and then 
the perimeters of the ecotones were digitized.  
We then established 62 50-m-radius plots (patch-burn-graze [n = 18]; graze-and-burn [n 
= 12]; and burn-only [n = 32]) using stratified random sampling (Anderson 2001; Figure 9B-C). 
To distribute the plots, we placed a 100-×-100-m grid over the ecotones in ArcGIS and used a 
random number generator to choose a grid square in which to place a plot. Plot centers were 
placed at least 50 m from the edge of the ecotone and at a minimum distance of 200 m apart to 
ensure independent avian surveys (Bibby et al. 1992, Schlossberg et al. 2010). Once in the field, 
we verified that all plots met the ecotone criteria by ground-truthing. 
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Vegetation sampling 
Vegetation was sampled using a modified BBIRD protocol (Martin et al. 1997). We established 
six 11.3-×-11.3-m subplots located 30 m from plot center. Three subplots were sampled each 
year. In 2017, the first subplot was north of center, and the other two were placed 120° in either 
direction.  This method was repeated in 2018, but the first subplot was south (Figure 10).  
In each subplot, woody plants ≥ 1.5 m tall were measured in June (Martin et al. 1997, 
Schlossberg et al. 2010). We counted the number of live trees and live shrub stems. A shrub was 
defined as any plant with more than one stem sprouting from the basal root crown (Scasta et al. 
2014). Stems were counted at 10 cm above the ground and sorted into size classes. Stems < 2.5 
cm in diameter were classified as small and stems ≥ 2.5 cm were large. Trees were also sorted 
into small (< 23 cm diameter at breast height, DBH) and large (≥ 23 cm DBH) size classes. For 
trees with branching trunks, we measured the largest bole at breast height. The amount of 
standing dead vegetation was measured by counting dead woody stems and snags ≥ 1.5 m tall.  
Canopy height was measured by subdividing each subplot into four quadrants. Within 
each quadrant, we measured the maximum height of the tallest woody plant. If no woody plants 
were ≥ 1.5 m tall, we recorded canopy height as 0 m. To measure vertical heterogeneity, we 
calculated the coefficient of variation of canopy height (Benson et al. 2010). The coefficient of 
variation scales the variance to the mean, which accounts for the tendency of the variance to 
increase as the mean increases (Fraterrigo and Rusak 2008). 
In July we returned to each subplot and sampled the herbaceous layer using two 0.5-m2 
quadrats, placed opposite from each other 2 m from subplot center. Within each quadrat, we 
visually estimated the percent cover of warm-season grasses, cool-season grasses, tall fescue, 
forbs, legumes, woody plants < 1.5 m tall, leaf litter, and bare ground. Tall fescue was recorded 
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separately because it is an abundant exotic grass that can decrease avian habitat quality 
(Duchardt et al. 2016, Maresh Nelson et al. 2018). Percent cover was recorded as the midpoint of 
the following categories: 0, 1-10, 10-25, 25-50, 50-75, 75-95, and 95-100% (Daubenmire 1959). 
To measure litter depth, three ruler measurements were taken to the 0.50 cm, one in each third of 
the quadrat. Lastly, we measured understory height by placing a Robel pole at the center of each 
quadrat and recording the highest point (at 1-dm intervals) where the pole was at least 50% 
obscured by vegetation from a distance of 4 m in each cardinal direction (Robel et al. 1970).  
To estimate the amount of woody encroachment in each plot, we digitized the woody 
cover visible on the 1-m-resolution true-color orthophoto of Ringgold County, IA, from spring 
2015 (Iowa Geographic Map Server) using ArcGIS. This method had measurement error, as the 
cover of small woody plants (approximately ≤ 2 m tall) was underestimated due to poor 
spectrographic contrast with the herbaceous layer, and woody cover was overestimated in 
closed-canopy areas because canopy gaps were obscured by shadows (Foody and Boyd 1999, 
Regan et al. 2002).  
 
Avian Surveys 
At the center of each plot, we established one point count station, where a single observer 
conducted 10-minute, 100-m-radius point counts in 2017 and 2018 from late May to late July. 
Every point count station was surveyed 6 times in 2017 and 10 times in 2018 (Gomez et al. 
2018). All surveys occurred between 0530 and 1000 h, in good weather according to Breeding 
Bird Survey guidelines: high visibility, no precipitation, and light winds (Sauer et al. 2013). All 
birds seen or heard (excluding fly-overs) and their distance from the observer (measured with a 
laser rangefinder) were recorded, as were species, age, and sex when possible (Cunningham et al. 
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2006). Environmental covariates were recorded at each visit, and observers (three in 2017 and 
two in 2018) were rotated between visits to minimize potential detection bias, and observers 
were trained in species identification and distance estimation prior to data collection (Bibby et al. 
1992). 
Each species was classified into grassland, shrubland, and woodland guilds based on Best 
et al. (1996), which summarizes the predominant habitat of Iowa’s breeding birds. Based on this 
system, the grassland guild predominately uses grasslands; the woodland guild predominately 
uses coniferous or deciduous forests; and the shrubland guild predominately uses forest edges, 
shrublands, old fields and wooded riparian edges (Best et al. 1996).  
 
Data Analyses  
All analyses were performed in R Statistics (R Core Team, 2019). For each vegetation variable, 
the measurements from the six subplots were combined to give one composite value per plot 
(described in Table 4). All avian analyses excluded species other than grassland, shrubland, or 
woodland birds (Table 5), and also excluded detections > 50 m from the observer, detections of 
unknown species, and juveniles (Royle 2004, Cunningham et al. 2006). 
 
Vegetation features 
Canonical correspondence analysis (CCA) was used to determine which vegetation features 
predicted avian community structure (Dormann et al. 2013). CCA is a multivariate constrained 
ordination technique that relates a species matrix to an environmental matrix. The species are 
constrained to be linear combinations of the reciprocal weighted averages of the environmental 
variables, and the result is a biplot that shows the maximum linear correlations between the 
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environmental variables and the species axes (McGarigal et al. 2000, Miller et al. 2003). The 
species matrix was the count of each species at each plot summed over both years, excluding rare 
species (i.e. detected < 10 times), and the environmental matrix was the composite values of all 
vegetation variables. One assumption of CCA is that the data follow multivariate normality 
(McGarigal et al. 2000), which was assessed with the Henze-Zirkler test using the ‘MVN’ 
package (Korkmaz et al. 2014), and passed (p = 0.31; Henze and Zirkler 1990). To assess 
statistical significance (alpha = 0.05), we used a permutation (n = 1000) to determine if our 
observed result was different from those of random models. The CCA and the permutation were 
performed with the ‘vegan’ package (Oksanen et al. 2019).  
 
Management and woody encroachment 
To describe stage of succession of the ecotonal areas we sampled, we measured the amount of 
woody encroachment within each plot by calculating the mean, standard deviation, and range of 
the amount of woody cover per plot among treatments. These patterns should be interpreted as 
correlative, because management practices are decided, in part, by the amount of woody 
encroachment. Since the prevalence of cattle grazing in woodlands has declined in Iowa since 
the 1970s (Mabry 2002), all of our fire-and-grazing sites are dominated by grassland. 
We used generalized linear models to evaluate if the amount of woody encroachment or 
treatment impacted the vegetation features that correlated with avian community. Each feature 
was examined with a separate model, using the Gaussian distribution and identity link function. 
The predictor variables were treatment, the amount of woody cover, and the interaction term. We 
did not use mixed-models because the subplot measurements were treated as composite values 
rather than independent samples, and the generalized linear models fit the data well (Oksanen 
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2001, Møller and Jennions 2002). To assess the relative importance of each predictor, we used a 
Type III analysis of deviance to generate the likelihood-ratio chi-square value (χ2) and associated 
p-values (Riginos and Grace 2008). Then, we predicted the estimates over the range of the 
woody plant gradient observed in each treatment.  
 
Avian abundance 
Abundance (θ) was modeled with single-species N-mixture models (Royle 2004), which estimate 
animal abundance when detection is imperfect. Models were built with the ‘pcount’ function in 
the ‘unmarked’ package (Fiske and Chandler 2011), and solved over K = 100 integrations (Royle 
2004). Detection probability was modeled with the binomial distribution and the logit link 
function (Royle 2004, Fiske and Chandler 2011), and one environmental covariate (Miller et al. 
2015). The possible covariates were time of day, wind speed, cloud cover, observer, temperature, 
and ordinal date. We fit seven models, one for each covariate and one intercept-only model, and 
compared them using Akaike’s Information Criterion (AIC; Akaike 1973), which ranked the 
candidate models based on model fit (Burnham and Anderson 1998). AIC information for each 
model is given in Tables C1-15. 
Royle’s N-mixture model assumes a closed population (Royle 2004), however avian 
abundance can vary from one year to the next (e.g. Sauer et al. 2013). To account for this 
limitation, each year was treated as a separate site and year was included as an additive covariate 
in all models. The other explanatory variables were the amount of woody cover, the vegetation 
features, and treatment, which were also additive, and modeled with the Poisson distribution and 
the log link function (Royle 2004, Fiske and Chandler 2011). We acknowledge that this model is 
a simplification, as these predictors may interact to structure avian abundance. However, our 
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sample size was too small to evaluate potential interactions between the predictors (Duchardt et 
al. 2018).  
Abundance was predicted in each treatment using the treatment-level means of each 
explanatory variable as the contrast values. As a measure of the effect size of each predictor, we 
calculated the odds ratio by exponentiating the β parameters and their associated 95% confidence 
intervals. The odds ratios of the graze-and-burn and patch-burn-graze treatments are relative to 
those of the burn-only treatment.  
 
Avian probability of presence  
Many species were too rare to evaluate with abundance or occupancy models incorporating 
detection, therefore we evaluated their probabilities of presence with generalized linear models 
(McKelvey and Pearson 2001, Dénes et al. 2015). We collapsed the replicate counts into binary 
presence or absence throughout the whole season, and modeled their probability of presence 
using the binomial distribution and the logit link function. All other methods were repeated in the 
same way as in the abundance models.  
 
RESULTS 
Vegetation features 
Canopy height and variation of canopy height were the largest positive and negative vectors in 
the first CCA axis. In the second axis, understory height was the largest positive vector and tall 
fescue was the largest negative vector. However, tall fescue and the variation of canopy height 
clustered together on the biplot (Figure 11), indicating that they were redundant predictors 
(Dormann et al. 2013, Barnagaud et al. 2014). Variation of canopy height was the larger vector, 
82 
so we did not retain tall fescue as a variable in further analyses (McGarigal et al. 2000, Dormann 
et al. 2013). The CCA was significant at p = 0.001 (F(18, 43) = 2.03). Constrained axes one and 
two accounted for 30.7% and 16.6% of the variance of the data, respectively, and were 
significant at p = 0.001 (F(1, 43) = 11.18) and p = 0.001 (F(1, 43) = 6.05).  
 
Management and woody encroachment 
The ecotonal areas we sampled in the burn-only treatment were at later successional stages, on 
average, and had the widest range of successional stages. On plots in the burn-only treatment, the 
amount of woody cover was x̄ = 3340 (SD = 858) m2 and the range was 46.8-7833 m2. In 
contrast, the ecotonal areas we sampled in the fire-and-grazing treatments tended to be at earlier 
successional stages. In the graze-and-burn treatment, the amount of woody cover was x̄ = 1631 
(SD = 858) m2 and the range was 226-2592 m2; and in the patch-burn-graze treatment, x̄ = 1145 
(SD = 884) m2 and the range was 31.6-2710 m2. 
Canopy height was best explained by the ecotone’s successional stage (χ2 = 48.27, df = 1, 
p < 0.0001), while treatment and the interaction term were insignificant (treatment: χ2 = 1.63, df 
= 2, p = 0.44; interaction: χ2 = 3.02, df = 2, p = 0.22; generalized-R2 = 0.58). Canopy height 
increased 2.2 m per every 1000 m2 increase in area of woody cover (β = 0.00220, SE = 0.0003, p 
< 0.0001; Figure 12A). 
Variation of canopy height depended on the interaction between treatment and the 
successional stage (woody cover: χ2 = 9.75, p = 0.002; treatment: χ2 = 21.79, p < 0.0001; 
interaction: χ2 = 8.56, p = 0.01; generalized-R2 = 0.55). The variation of canopy height decreased 
about 3% per every 1000 m2 increase in the area of woody cover (β = -0.0129, SE = 0.005, p = 
0.002). The graze-and-burn treatment had equivalent effects to the burn-only treatment (graze-
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and-burn: β = 28.0, SE = 37.5, p = 0.46; interaction: β = -0.0012, SE = 0.019, p = 0.95). 
However, the patch-burn-graze treatment was associated with a two-fold increase of the variation 
of canopy height (patch-burn-graze: β = 128.4, SE = 26.4, p < 0.0001), and a four-fold steeper 
decline as the amount of woody cover increased (interaction: β = -0.0483, SE = 0.015, p = 0.002; 
Figure 12B).  
Understory height was determined by the additive effects of successional stage and 
treatment (area: χ2 = 9.88, p = 0.001; treatment: χ2 = 40.9, p < 0.0001; interaction: χ2 = 4.77, p = 
0.09). Understory height decreased by 0.5 dm per 1000 m2 of woody cover (β = -0.0005, p = 
0.002). There was no difference between the graze-and-burn and patch-burn-graze treatments (p 
= 0.58). However, understory height was lower by approximately 6 dm in both fire-and-grazing 
treatments than in the burn-only treatment (graze-and-burn: β = -5.45, p = 0.0005; patch-burn-
graze: β = -6.16, p < 0.0001; Figure 12C). 
 
Avian abundance 
We detected 7354 adult birds of 69 species; of these, 11 were grassland species, 34 were 
shrubland species, and 21 were woodland species (Table 5). Eighteen grassland, shrubland, and 
woodland species were of regional conservation concern (Zoher 2015) and 10 were of national 
conservation concern (Rosenburg et al. 2016). The most common species were Dumetella 
carolinensis (gray catbird), Molothrus ater (brown-headed cowbird), and Geothlypis trichas 
(common yellowthroat; 12.1%, 7.2%, and 7.1% of detections, respectively).  
 Abundance was estimated for 15 species, comprising 78% of all detections. Five 
shrubland species had at least one individual (i.e. θ ≥ 1 – SE), on average, in all three treatments: 
Dumetella carolinensis, Molothrus ater, Geothlypis trichas, Spizella pusilla (field sparrow), and 
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Spinus tristis (American goldfinch). Of the grassland guild, there was at least one individual of 
Spiza americana (dickcissel) in both fire-and-grazing treatments, while Ammodramus 
savannarum (grasshopper sparrow) abundance only reached at least one bird in the patch-burn-
graze treatment (Table 6).  
Six shrubland species and one woodland species, Pheucticus ludovicianus, increased in 
abundance as understory height increased. The abundances of Troglodytes aedon (house wren), 
Dumetella carolinensis, and Molothrus ater increased by approximately 25% per unit increase of 
understory height, while the abundances of Geothylpis trichas, Vireo bellii (Bell’s vireo), Spinus 
tristis and Pheucticus ludovicianus increased by about 60% per unit increase of understory 
height. The other species had neutral or uncertain responses to understory height (i.e. 95% 
confidence intervals of the odds ratios overlapped 1; Table 7).  
Species in all three guilds responded to the amount of woody cover in the plot. As woody 
cover increased, Spiza americana abundance decreased by 70%, and five shrubland species, 
Tyrannus tyrannus (eastern kingbird), Geothlypis trichas, Molothrus ater, Turdus migratorius 
(American robin), and Spinus tristis, decreased by 25% on average. Only two species increased 
as the amount of woody cover increased: Pipilo erythrophthalmus, a shrubland species, and 
Pheucticus ludovicianus (Table 7). 
Variation in canopy height had neutral or uncertain effects for every species except two, 
Dumetella carolinensis and Tyrannus tyrannus, which responded negatively. Their abundance 
decreased by approximately 30% per unit increase in vertical heterogeneity (Table 7).  
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Avian probability of presence probability 
We estimated probability of presence for one grassland species, Sturnella magna (eastern 
meadowlark), and four shrubland species. Models had generalized-R2 values ranging from 0.11 – 
0.33 (df = 123). These species’ probabilities of presence never exceeded 50% ( ≥ 0.50 – SE) in 
the burn-only treatment. Sturnella magna had at least 50% probability of presence in the patch-
burn-graze treatment, and Toxostoma rufum (brown thrasher) had at least 50% probability of 
presence in both fire-and-grazing treatments. The other species, Epidonax traillii trailli (willow 
flycatcher), Colinus virginana (northern bobwhite), and Colaptes auratus (northern flicker), did 
not reach this presence threshold in any of the three treatments (Table 8). Colaptes auratus 
probability of presence doubled per-meter increase in canopy height, and Epidonax traillii traillii 
doubled as understory height increased. However, the other species had weak or neutral 
associations with these variables (Table 9).  
 
DISCUSSION 
In this study, we explored how three management treatments involving fire and grazing altered 
the vegetation within grassland-woodland ecotones, and then evaluated how these changes 
affected the presence or abundance of avian species. To highlight the most important habitat 
features, we used a CCA to determine which vegetation features were the best predictors of avian 
community structure. We used this analysis because the BBIRD protocol calls for measuring a 
large number of vegetation variables that may be potentially important to avian habitat selection 
(Martin et al. 1997, Fisher and Davis 2010). However, many of the variables contained 
redundant information (Palmer 1993, Dormman et al. 2013). In cases where there are a high 
number of collinear variables, one approach can be to identify clusters of variables and then to 
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choose the variable with the highest predictive value for each cluster (i.e. the highest correlation 
and lowest collinearity; Palmer 1993, McGarigal et al. 2000, Dormann et al. 2013). CCA is one 
type of cluster analysis that ordinates environmental variables based on the direction and strength 
of their correlation with species abundances (Palmer 1993, McGarigal et al. 2000), so our 
assumption was that the CCA analysis would highlight the habitat features that are most 
important to the majority of species (Palmer 1993, Schulte and Niemi 1998, Dormann et al. 
2013).  
 Canopy height, variation of canopy height, and understory height were the habitat 
variables with the most predictive value in the CCA; however, their effects were weak or neutral 
in many of the abundance and probability of presence models. One explanation may be that 
factors other than vegetation features within the habitat determine avian habitat selection (Jones 
2001), such as predation (Chalfoun and Martin 2007), conspecific attraction (Ward and 
Schlossberg 2004, Farrell et al. 2012), food limitation (Martin 1987, Brawn and Hartung 2005), 
site fidelity (Schlossberg 2009), or habitat features at broader spatial scales (Orians and 
Wittenberger 1991, Tscharntke et al. 2012, Shahan et al. 2017, Reiley and Benson 2019).  
Since we found generally weak relationships of avian abundance and presence to the 
within-plot habitat features we tested, our ability to evaluate whether the fire-and-grazing 
practices altered avian habitat selection was limited. However, our results suggest that high 
amounts of woody encroachment favors woodland species and later-successional shrubland 
species, while maintaining ecotones with low amounts of woody encroachment may 
accommodate grassland and shrubland species that early successional stages. Research in shrub-
steppe and savanna ecosystems has identified that coexistence between grassland and shrubland 
species is highest when woody cover comprises 10-40% of the habitat (McAdoo et al. 1989, Van 
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Riper III et al. 2008, Mabry 2013), and more research focusing on woody cover thresholds may 
lead to a greater understanding of the habitat features that accommodate multiple guilds (Tokeshi 
1999, Kark et al. 2013).  
There also appears to be a link between understory height, avian habitat selection, and 
management treatment. One woodland species and seven shrubland species increased in 
abundance or probability of presence as understory height increased, two of which were species 
of regional conservation concern (Vireo bellii and Epidonax traillii traillli; Zoher 2015). Since 
the graze-and-burn and patch-burn-graze treatments both reduced understory height by about 6 
dm, practices combining fire and grazing will likely discourage these species, and potentially, the 
coexistence of shrubland and woodland guilds.  
Our prediction that heterogeneity would increase avian abundance was false. We 
expected habitat heterogeneity to increase shrubland bird abundance for all species, as microsite 
heterogeneity is often associated with increasing habitat quality (Schulte and Niemi 1998, Fink et 
al. 2006, Chandler et al. 2009, Nelson et al. 2017). Instead, all but two species had neutral or 
uncertain responses to the variation of canopy height, and the two that responded decreased in 
abundance as variation of the canopy increased. One explanation of this weak relationship may 
be that heterogeneity is correlating with other local habitat features that have larger effect sizes. 
For example, other studies have found that some species of shrubland birds increase as the 
amount of grass cover within the habitat increases (Mabry 2013, Reiley and Benson 2019), and 
grassland birds decrease as tall fescue increases (Pillsbury et al. 2011, Duchardt et al. 2016). In 
our case, variation of canopy height clustered with the amount of cool-season grass, warm-
season grass, and tall fescue, so we did not test these variables. However, they may have stronger 
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effect sizes for individual species even if they have less predictive value of overall community 
composition (Anderson et al. 2001, Dormann et al. 2013).   
 Though vertical heterogeneity had a weak response to avian abundance or presence, there 
were clear differences in heterogeneity between the treatments. Increasing woody encroachment 
homogenized the height of the canopy, possibly as ecotones became increasingly characterized 
by continuous patches of woody cover rather than woody fragments (i.e. shrub islands; Heisler et 
al. 2004). However, contrary to our prediction, heterogeneity within the ecotone was higher in 
the patch-burn-graze treatment than the graze-and-burn treatment. One explanation may be that 
the patch boundaries of the patch-burn-graze sites were along the ecotones, and therefore 
heterogeneity increased because the ecotone is only partially burned. The other treatments both 
have site-wide burns, so the application of fire is homogenous. The ways that different 
disturbance processes affect ecotone structure may be a prudent area of future research, as 
structure can impact the conservation value of ecotones, including their ability to accommodate 
declining species (Wiens et al. 1985, Strayer et al. 2003, Kark et al. 2007). 
Overall, we found that the grassland-woodland ecotones we surveyed had biodiverse 
species assemblages, with 19 grassland, shrubland, and woodland species of regional or national 
conservation concern. However, vegetation features within ecotones may not be the most 
important factors determining these species’ distributions. Although more research is needed to 
understand how to manage ecotones to maximize their conservation value (Strayer et al. 2003, 
Schlossberg and King 2008, Kark et al. 2013), the biodiversity of these habitats may yet offer 
opportunities to support avian species from multiple guilds currently in steep decline (Smith et 
al. 1997, Sauer et al. 2013, Duchardt et al. 2018).   
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TABLES 
Table 4: Vegetation variables with means (standard deviations) per plot in each treatment (n). All woody plants are ≥ 1.5 m unless 
otherwise specified. All stems were counted at 10 cm from the ground. Cover was measured as mean percent in a 0.5-m2 quadrat.  
Variable Description 
Burn-only 
(n = 32) 
Graze-and-
burn (n = 12) 
Patch-burn-
graze (n = 18) 
Small stemsa sum of woody stems < 2.5 cm in diameter  899 (739) 332 (218) 350 (401) 
Large stemsa sum of woody stems ≥ 2.5 cm in diameter 52.9 (50.0) 17.2 (17.0) 25.1 (34.9) 
Small treesa sum of trees < 23 cm DBH  131 (103) 32.2 (34.8) 22.0 (28.1) 
Large treesa sum of trees ≥ 23 cm DBH 6.69 (7.16) 4.50 (4.68) 2.33 (5.28) 
Standing deada sum of dead woody stems and dead trees  421 (377) 186 (126) 181 (177) 
Canopy heightb maximum height of woody plants 13.10 (6.34) 11.0 (5.62) 8.58 (5.43) 
Variation of canopy heightb coefficient of variation of maximum height  108 (42.8) 157 (22.4) 210 (101) 
Forbc cover of non-legume forbs 48.6 (16.1) 38.4 (7.87) 36.2 (14.3) 
Legumec cover of non-woody legumes 15.4 (9.90) 16.3 (10.8) 22.5 (14.2) 
Warm-season-grassc cover of warm-season grasses 16.8 (16.0) 8.26 (7.41) 10.6 (7.89) 
Cool-season-grassc 
cover of sedges and cool-season grasses, 
excluding Festuca arundinacea 
20.9 (12.8) 24.4 (10.5) 29.4 (13.5) 
Tall fescuec cover of Festuca arundinacea 1.67 (3.95) 21.6 (11.0) 12.6 (12.6) 
Woodyc 
cover of woody plants < 1.5 m, including 
vines 
31.2 (17.5) 10.7 (8.10) 9.87 (9.66) 
Understory heightc mean visual obstruction 7.26 (2.76) 3.37 (1.39) 3.58 (1.51) 
Variation of understory heightc coefficient of variation of visual obstruction  61.3 (19.7) 68.7 (13.1) 78.0 (25.7) 
Bare groundc cover of bare ground 17.8 (13.0) 19.4 (19.2) 25.8 (23.3) 
Litterc cover of litter 80.9 (12.9) 77.0 (21.1) 70.9 (23.5) 
Litter depthd mean litter depth (cm) 7.67 (3.24) 4.90 (3.22) 4.33 (2.63) 
a Derived from six measurements per plot (one per subplot) 
b Derived from 24 measurements per plot (4 per subplot) 
c Derived from 12 measurements per plot (2 per subplot, 1 per quadrat) 
d Derived from 36 measurements, per plot (6 per subplot, 3 per quadrat)
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Table 5: All adult birds detected ≤ 50 from the observer, in total and in each of the three treatments. ⁑ denotes species 
of national conservation concern (Rosenberg et al. 2016); * indicates species of regional conservation concern (Zoher 
2015) 
Scientific Name Common Name N Burn-only 
Graze-and-
burn 
Patch-burn-
graze 
Grassland species      
Spiza americana* dickcissel 318 102 80 136 
Ammodramus savannarum ⁑* grasshopper sparrow 115 2 29 84 
Sturnella magna ⁑* eastern meadowlark 73 5 17 51 
Dolichonyx oryzivorus ⁑* bobolink 46 3 20 23 
Ammodramus henslowii ⁑* Henslow’s sparrow 41 17 11 13 
Cistothorus platensis* sedge wren 29 20 7 2 
Phasianus colchicus ring-necked pheasant 4 3 0 1 
Passerculus sandwichensis savannah sparrow 2 0 0 2 
Chondestes grammacus lark sparrow 1 0 1 0 
Bartramia longicauda* upland sandpiper 1 0 0 1 
Pooecetes gramineus vesper sparrow 1 1 0 0 
Shrubland species      
Dumetella carolinensis gray catbird 891 522 178 191 
Molothrus ater brown-headed cowbird 526 288 56 182 
Geothlypis trichas common yellowthroat 521 353 88 80 
Spizella pusilla ⁑* field sparrow 418 186 108 124 
Troglodytes aedon house wren 374 231 84 59 
Spinus tristis American goldfinch 299 198 40 61 
Melospiza melodia song sparrow 263 75 107 81 
Tyrannus tyrannus eastern kingbird 208 51 50 107 
Toxostoma rufum brown thrasher 188 48 47 93 
Cardinalis cardinalis northern cardinal 158 118 19 21 
Passerina cyanea indigo bunting 133 114 11 8 
Turdus migratorius American robin 131 67 24 40 
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Table 5 continued ….      
Scientific Name Common Name N Burn-only 
Graze-and-
burn 
Patch-burn-
graze 
Pipilo erythrophthalmus  eastern towhee 126 115 8 3 
Vireo bellii* Bell’s vireo 96 54 23 19 
Icterus spurius orchard oriole 81 28 32 21 
Empidonax traillii trallii* willow flycatcher 74 36 15 23 
Bombycilla cedrorum cedar waxwing 71 38 16 17 
Quiscalus quiscula ⁑ common grackle 64 1 5 58 
Zenaida macroura mourning dove 56 28 18 10 
Mimus polyglottos* northern mockingbird 55 2 29 24 
Colaptes auratus northern flicker 53 34 7 12 
Colinius virginiana ⁑* northern bobwhite 51 12 17 22 
Icterus galbula Baltimore oriole 31 11 15 5 
Icteria virens* yellow-breasted chat 27 25 2 0 
Melanerpes erythrocephalus ⁑* red-headed woodpecker 21 0 20 1 
Spizella passerina chipping sparrow 19 2 2 15 
Sialia sialis eastern bluebird 14 1 8 5 
Setophaga petechia yellow warbler 11 9 0 2 
Sayornis phoebe eastern phoebe 8 0 6 2 
Vireo gilvus warbling vireo 5 0 0 5 
Corvus brachyrhynchos American crow 4 3 1 0 
Lanius ludovicianus* loggerhead shrike 2 0 0 2 
Falco sparverius American kestrel 1 0 0 1 
Coccyzus erythropthalmus ⁑* black-billed cuckoo 1 0 0 1 
Woodland species      
Pheucticus ludovicianus rose-breasted grosbeak 208 138 40 30 
Cyanocitta cristata blue jay 117 65 33 19 
Picoides pubescens downy woodpecker 56 38 7 11 
Contopus virens eastern wood-pewee 49 39 2 8 
Poecile atricapillus black-capped chickadee 43 38 4 1 
Coccyzus americanus ⁑* yellow-billed cuckoo 36 30 1 5 
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Table 5 continued …      
Scientific Name Common Name N Burn-only 
Graze-and-
burn 
Patch-burn-
graze 
Myiarchus crinitus great-crested flycatcher 37 28 8 1 
Melanerpes carolinus red-bellied woodpecker 29 21 7 1 
Picoides villosus hairy woodpecker 17 13 2 2 
Archilochus colubrisi ruby-throated hummingbird 14 14 0 0 
Seiurus aurocapilla ovenbird 12 12 0 0 
Vireo olivaceus red-eyed vireo 12 12 0 0 
Baeolophus bicolor tufted titmouse 9 9 0 0 
Polioptila caerulea blue-gray gnatcatcher 6 4 2 0 
Vireo flavifrons yellow-throated vireo 5 5 0 0 
Piranga rubra summer tanager 4 4 0 0 
Meleagris gallopavo wild turkey 2 2 0 0 
Sphyrapicus varius yellow-bellied sapsucker 1 1 0 0 
Piranga olivacea scarlet tanager 1 1 0 0 
Thryothrous ludovicianus Carolina wren 1 1 0 0 
Empidonax minimus* least flycatcher 1 1 0 0 
Other      
Unknown spp. unknown 500 298 97 105 
Agelaius phoeniceus red-winged blackbird 370 151 76 143 
Emberizidae unknown sparrow 82 31 29 22 
Empidonax spp. unknown empidonax 33 16 3 14 
Picidae unknown woodpecker 32 20 8 4 
Tyrannidae unknown flycatcher 15 8 2 5 
Sturnella spp. unknown meadowlark  10 1 1 8 
Icterus spp. unknown oriole 7 1 5 1 
Phasianidae unknown gamebird 5 3 0 2 
Empidonax alnorum alder flycatcher 4 2 0 2 
Quiscalus mexicanus great-tailed grackle 1 0 0 1 
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Table 6: Predicted abundance (standard error) of shrubland, grassland, and woodland birds per plot in each treatment.  
 
Scientific name Burn-only Graze-and-burn Patch-burn-graze 
Grassland species    
Spiza americana (dickcissel) 0.81 (0.27) 1.40 (0.40) 1.82 (0.35) 
Ammodramus savannarum (grasshopper sparrow) 0.43 (0.25) 0.17 (0.14) 2.00 (0.72) 
Shrubland species    
Dumetella carolinensis (gray catbird) 5.10 (1.05) 1.78 (0.35) 2.60 (0.38) 
Molothrus ater (brown-headed cowbird) 5.58 (1.51) 7.74 (2.03) 10.1 (2.30) 
Geothlypis trichas (common yellowthroat) 3.57 (0.96) 1.76 (0.46) 1.35 (0.31) 
Spizella pusilla (field sparrow) 2.03 (0.53) 2.63 (0.63) 1.90 (0.35) 
Troglodytes aedon (house wren) 2.79 (0.80) 0.53 (0.17) 0.93 (0.20) 
Spinus trisis (American goldfinch) 6.83 (3.41) 9.07 (4.82) 5.95 (2.93) 
Melospiza melodia (song sparrow) 2.93 (0.91) 0.45 (0.14) 1.20 (0.26) 
Tyrannus tyrannus (eastern kingbird) 2.40 (0.89) 1.04 (0.38) 4.96 (1.31) 
Turdus migratorius (American robin) 1.17 (0.50) 2.02 (0.77) 1.66 (0.55) 
Passerina cyanea (indigo bunting) 1.18 (0.59) 1.24 (0.66) 0.48 (0.23) 
Vireo bellii (Bell’s vireo) 0.40 (0.23) 0.17 (0.10) 0.16 (0.07) 
Pipilio erythrophthalmus (eastern towhee) 0.55 (0.29) 1.64 (0.83) 0.15 (0.10) 
Woodland species    
Pheucticus ludovicianus (rose-breasted grosbeak) 4.97 (1.79) 0.86 (0.31) 1.05 (0.33) 
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Table 7: Odds ratios (95% confidence interval) of the explanatory variables used to model 
species abundance. Variables whose confidence intervals do not overlap 1 are bolded.  
Species 
Amount of 
woody 
cover 
Canopy 
height 
Variation 
of canopy 
height 
Understory 
height 
Graze-and-
burn 
Patch-burn-
graze 
Grassland species 
Ammodramus 
savannarum 
0.67 
(0.31-1.41) 
0.98 
(0.66-1.46) 
1.18 
(0.90-1.54) 
0.60 
(0.32-1.13) 
9.24 
(1.78-47.8) 
13.8 
(2.78-68.9) 
Spiza 
americana 
0.31 
(0.20-0.48) 
1.06 
(0.81-1.40) 
0.82 
(0.65-1.04) 
1.09 
(0.80-1.48) 
1.43 
(0.75-2.72) 
1.49 
(0.82-2.71) 
Shrubland species 
Melospiza 
melodia 
0.68 
(0.44-1.04) 
0.74 
(0.54-1.03) 
0.74 
(0.55-1.01) 
1.45 
(1.07-1.97) 
5.24 
(2.72-10.1) 
2.76 
(1.43-5.33) 
Passerina 
cyana 
0.90 
(0.58-1.40) 
1.27 
(0.90-1.81) 
0.61 
(0.33-1.12) 
1.08 
(0.83-1.39) 
0.42 
(0.17-1.06) 
0.26 
(0.10-0.70) 
Troglodytes 
aedon 
1.14 
(0.83-1.55) 
1.47 
(1.18-1.84) 
0.79 
(0.55-1.13) 
1.26 
(1.02-1.56) 
1.88 
(0.99-3.54) 
1.27 
(0.67-2.43) 
Dumetella 
carolinensis 
0.87 
(0.70-1.08) 
1.01 
(0.84-1.21) 
0.66 
(0.53-0.83) 
1.26 
(1.09-1.46) 
1.43 
(0.96-2.14) 
1.15 
(0.78-1.69) 
Spizella 
pusilla 
0.79 
(0.60-1.04) 
0.96 
(0.77-1.21) 
1.05 
(0.86-1.29) 
0.93 
(0.74-1.17) 
1.20 
(0.72-2.00) 
0.80 
(0.47-1.35) 
Pipilo erythr- 
ophthalmus 
1.72 
(1.04-2.84) 
0.90 
(0.59-1.36) 
1.19 
(0.65-2.17) 
0.89 
(0.68-1.18) 
0.29 
(0.10-0.80) 
0.09 
(0.02-0.39) 
Tyrannus 
tyrannus 
0.58 
(0.40-0.84) 
1.10 
(0.87-1.40) 
0.62 
(0.48-0.80) 
0.96 
(0.71-1.28) 
2.23 
(1.15-4.34) 
3.78 
(2.08-6.85) 
Geothylpis 
trichas 
0.76 
(0.58-0.99) 
1.00 
(0.80-1.24) 
0.84 
(0.65-1.09) 
1.58 
(1.34-1.87) 
1.22 
(0.76-1.97) 
0.75 
(0.46-1.23) 
Molothrus 
ater 
0.77 
(0.64-0.93) 
1.11 
(0.95-1.30) 
0.94 
(0.82-1.08) 
1.20 
(1.04-1.38) 
0.65 
(0.43-0.98) 
1.30 
(0.93-1.81) 
Vireo bellii 
0.68 
(0.33-1.38) 
0.89 
(0.49-1.62) 
0.79 
(0.39-1.61) 
1.75 
(1.11-2.75) 
1.38 
(0.39-4.86) 
0.96 
(0.29-3.20) 
Turdus 
migratroius 
0.48 
(0.31-0.72) 
1.33 
(0.99-1.79) 
0.85 
(0.61-1.19) 
1.07 
(0.78-1.47) 
0.80 
(0.38-1.70) 
0.79 
(0.39-1.61) 
Spinus 
tristis 
0.56 
(0.42-0.73) 
0.92 
(0.73-1.15) 
0.82 
(0.65-1.02) 
1.42 
(1.19-1.69) 
0.75 
(0.47-1.21) 
0.70 
(0.45-1.08) 
Forest species 
Pheucticus 
ludovicianus 
1.53 
(1.08-2.14) 
0.78 
(0.58-1.05) 
0.93 
(0.67-1.31) 
1.64 
(1.34-2.00) 
2.09 
(1.12-3.92) 
1.19 
(0.61-2.32) 
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Table 8: Probability of presence (standard error) in each treatment of uncommon species  
Scientific name Burn-only Graze-and-burn Patch-burn-graze 
Grassland species    
Sturnella magna (eastern meadowlark) 0.06 (0.03) 0.46 (0.12) 0.60 (0.10) 
Shrubland species    
Toxostoma rufum (brown thrasher) 0.36 (0.07) 0.81 (0.09) 0.87 (0.07) 
Epidonax traillii trallii (willow flycatcher) 0.10 (0.04) 0.07 (0.05) 0.13 (0.06) 
Colinus virginiana (northern bobwhite) 0.13 (0.04) 0.43 (0.12) 0.40 (0.10) 
Colaptes auratus (northern flicker) 0.29 (0.06) 0.16 (0.08) 0.27 (0.09) 
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Table 9: Odds ratios (95% confidence interval) of the explanatory variables used to model 
species presence.  
Species 
Amount of 
woody 
cover 
Canopy 
height 
Variation of 
canopy 
height 
Understory 
height 
Graze-and-
burn 
Patch-
burn-graze 
Grassland species 
Sturnella 
magna 
0.57 
(0.18-1.59) 
0.85 
(0.46-1.66) 
1.0 
(0.54-1.87) 
1.09 
(0.45-2.58) 
7.20 
(1.30-48.6) 
15.13 
(3.08-93.2) 
Shrubland species 
Toxostoma 
rufum 
0.63 
(0.27-1.41) 
0.59 
(0.31-1.11) 
0.76 
(0.37-1.57) 
1.67 
(0.90-3.29) 
8.40 
(1.78-46.2) 
16.0 
(3.16-103) 
Epidonax 
traillii 
trailli 
0.94 
(0.29-2.92) 
0.58 
(0.19-1.45) 
0.69 
(0.25-1.50) 
2.18 
(1.03-4.97) 
1.77 
(0.19-13.7) 
3.83 
(0.68-23.3) 
Colinus 
virginiana 
1.21 
(0.51-2.84) 
0.99 
(0.51-1.87) 
1.20 
(0.67-2.18) 
1.73 
(0.90-3.45) 
10.4 
(2.06-60.3) 
10.4 
(2.19-57.6) 
Colaptes 
auratus 
0.87 
(0.38-1.93) 
2.56 
(1.39-5.10) 
0.88 
(0.39-1.71) 
0.99 
(0.53-1.78) 
0.96 
(0.18-4.84) 
1.20 
(0.25-5.69) 
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FIGURES 
Figure 9: (A) gray polygons, numbered one and two, showing the three areas where the study 
sites within the Grand River Grasslands. (B) The study sites in corresponding to gray polygon 1. 
(C) The study sites corresponding to gray polygon 2. The study sites are overlaid on a 2015 
orthophoto of Ringgold County, IA. Sites received one treatment: patch-burn-graze (blue; n = 6), 
graze-and-burn (purple; n = 4), or burn-only (pink; n = 9). Sixty-two plots (white points) were 
distributed within ecotones of the sites. 
(A) 
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Figure 9 continued … 
(B)  
 
 
 
 
 
 
 
 
 
 
 
 
1 
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Figure 9 continued … 
(C) 
 
 
 
 
 
 
 
 
 
2 
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Figure 10: Schematic of the sampling design. Within each plot (dashed circle), we established a 
point count station at plot center to survey birds, and six 11.3-×-11.3-m subplots to sample 
vegetation. Three subplots were sampled each year. In 2017, the first subplot was north of center, 
and the other two were placed 120° in either direction.  This method was repeated in 2018, but 
the first subplot was south.  
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Figure 11: CCA biplot showing constrained axis 1 and 2, which explain 30.7% and 16.6% of the 
data. Circles correlate with the abundance of each species and are coded by guild (red = 
woodland; blue = shrubland; green = grassland).  
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Figure 12: Change in each vegetation variable in response to the gradient, the treatment, and 
their interaction. Panel (A) is the canopy height; (B) is the variation of canopy height; and (C) is 
understory height. Predicted estimates are shown over the range of woody cover found within 
each treatment. Pink = burn-only; blue = graze-and-burn; yellow = patch-burn-graze. Shading 
shows 95% confidence intervals. 
 (A) 
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Figure 12 continued … 
(B) 
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Figured 12 continued … 
(C) 
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CHAPTER 4: CONCLUSIONS AND IMPLICATIONS 
Temperate grasslands and shrublands are critically endangered ecosystems receiving almost no 
protection, as nearly 50% of their global area has been lost and less than 5% has been set-aside in 
reserves. To further complicate matters, in many instances these are alternate states of the same 
system, so conserving one may be at the expense of the other. However, our results show that 
managing for grasslands and shrublands is not mutually exclusive in all cases. Patch-burn 
grazing and the graze-and-burn strategy reduced woody encroachment, and lower amounts of 
woody encroachment positively impacted grassland and shrubland bird species.  
Both fire-and-grazing practices reduced woody encroachment equally well in the short 
term. However, the graze-and-burn treatment appeared to do so by environmental filtering, while 
the patch-burn-graze treatment appeared more likely to set a fire-trap. These treatments also 
correlated with decreased amounts of woody cover and lower understory height in ecotones. 
While these changes to the vegetation may negatively impact some shrubland species, they may 
favor the grassland and shrubland species that had weak or neutral responses to understory height 
and positive responses to low amounts of woody encroachment.  
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APPENDIX A: SITE INFORMATION 
Table A1: Additional information on the experimental sites. Beginning in 2014, the fire-and-grazing sites received one of two stocking 
regimes: 1) season-long, and, 2) early-intensive. In the season-long treatment, sites were stocked from early April to early September 
(6 months) at a moderate stocking rate. In the early-intensive treatment, the sites are stocked from early April to early July (3 months) 
at heavier stocking rates. As a result, instantaneous grazing pressure (AU/T DM of plant biomass) is 2-4 times greater in the early-
intensive treatment than the season-long treatment (Duchardt et al. 2016, Maresh Nelson et al. 2019). The stocking rates were altered 
to test the response of the invasive grass Festuca arundinacea (tall fescue). In addition, glyphosate herbicide was systematically 
applied to the graze-and-burn sites to reduce Festuca arundinacea, and other adaptive management practices were used to reduce 
various other invasive plants.   
Site 
Code 
Area 
(ha) Fire and grazing 
Stocking 
treatment 
Glyphosate Other adaptive management 
KLT 32.4 Burn-only     areas sprayed with herbicide in 2017 
RIN 15.4 Burn-only   
areas sprayed with herbicide in 2017 and areas 
disked to remove Lespedeza cuneata (sericea 
lespedeza) in 20181 
PAW 21.8 Burn-only   areas sprayed with glyphosate in 2017 and 2018 
GIL 31.2 Graze-and-burn Intensive-early 
two patches 
sprayed in 2014 
mechanical removal of Maclura pomifera on 
one patch in summer 20182 
LTR 35.0 Graze-and-burn Intensive-early  
two patches 
sprayed in 2014 
 
PYW 17.8 Graze-and-burn Season-long 
two patches 
sprayed in 2014 
 
STE 33.2 Graze-and-burn Season-long 
two patches 
sprayed in 2014 
 
PYN 24.5 Patch-burn-graze Intensive-early  
one area of Maclura pomifera sprayed with 
herbicide in 20182 
KLN 30.8 Patch-burn-graze Intensive-early   
RIS 32.4 Patch-burn-graze Season-long   
PYS 22.7 Patch-burn-graze Season-long   
1 Disking and glyphosate could be a source of bias because it can damage or kill woody plants and reduce litter accumulation.  
2 Maclura pomifera (osage orange) is one of our focal species, so woody plants were not sampled here in 2018 
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Table A2: Site code, patch name, area (ha) of the patch, and the number of belt transects (n) 
sampled per patch in 2017 and 2018. Site codes also reference table A1.  
Site Code Patch 
Patch Area 
(ha) 
n (2017) n (2018) 
 East 9.0 3 1 
KLT West 10.2 6 2 
 South 11.6 3 2 
 East 5.8 3 2 
RIN West 5.7 2 1 
 South 3.8 1 1 
 East 7.4 1 0 
PAW West 6.6 2 1 
 South 7.6 2 1 
 North 9.8 3 3 
GIL South 6.0 2 0 
 Center 12.1 3 2 
 East 12.2 6 4 
LTR West 10.8 5 2 
 Center 12.0 5 2 
 North 5.5 2 2 
PYW South 6.0 2 2 
 Center 6.0 2 2 
 North 8.3 3 2 
STE South 9.9 3 2 
 West 15.6 6 4 
 North 7.9 5 3 
PYN South 7.0 3 3 
 West 9.7 3 3 
 East 12.0 4 4 
KLN West 10.6 2 2 
 Center 8.1 3 3 
 North 10.8 3 4 
RIS South 12.3 5 5 
 Center 9.2 3 3 
 North 7.8 3 3 
PYS South 6.7 3 3 
 West 8.3 3 3 
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APPENDIX B: BURN HISTORY 
Figure B1: Map of the burn-only sites, corresponding to Figure 9B-C. Sites are labeled 1 – 9.   
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Table B1: The burn-history for the burn-only sites, with site numbers corresponding to Figure 
B1. “X” indicates that a prescribed burn occurred. 
Site 
Area 
(ha) 
2013 
Fall 
2014 
Spring 
2015 
Spring 
2016 
Spring 
2017 
Spring 
2018 
Spring 
1 11.0    X   
2 56.1 X      
3 38.8  X X    
4 115     X  
5 11.3  X   X  
6 168       
7 134      X 
8 14.8    X   
9 40.8    X   
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APPENDIX C: DETECTION PROBABILITY ESTIMATION 
Tables C1-15: AIC analysis for each species-specific N-mixture model. AIC was used to 
determine the best covariate to explain the variance of the detection probability. K is the number 
of parameters, ΔAIC is the information distance relative to the top performing model, w is the 
weight, the probability it is the best-approximating model of the candidate set. 
 
 (C1) Ammodramus savannarum (grasshopper sparrow) 
Model K ΔAIC w 
Cloud cover 3 0 0.22 
Null 3 0.11 0.20 
Temperature 2 0.50 0.17 
Julian date 3 0.53 0.17 
Time of day 3 1.28 0.11 
Wind speed 3 1.85 0.10 
Observer 3 3.12 0.5 
 
(C2) Spiza americana (dickcissel) 
Model K ΔAIC w 
Observer 3 0 0.31 
Wind speed 3 1.45 0.15 
Cloud cover 3 1.66 0.14 
Null 2 1.66 0.14 
Time of day 3 2.08 0.11 
Julian date 3 2.53 0.09 
Temperature 3 3.24 0.06 
 
(C3) Melospiza melodia (song sparrow) 
Model K ΔAIC w 
Time of day 3 0 0.75 
Null 2 4.67 0.07 
Wind speed 3 5.03 0.06 
Temperature 3 5.39 0.05 
Julian date 3 6.09 0.04 
Cloud cover 3 6.64 0.03 
Observer 3 9.31 0.007 
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(C4) Passerina cyanea (indigo bunting) 
Model K ΔAIC w 
Temperature 3 0 0.38 
Observer 3 0.53 0.29 
Null 2 2.29 0.12 
Wind speed 3 3.49 0.07 
Cloud cover 3 4.16 0.05 
Julian date 3 4.28 0.05 
Time of day 3 4.28 0.05 
 
(C5) Troglodytes aedon (house wren) 
Model K ΔAIC w 
Observer 3 0 1.00 
Time of day 3 16.95 <0.0001 
Null 2 19.01 <0.0001 
Julian date 3 19.32 <0.0001 
Cloud cover 3 19.82 <0.0001 
Temperature 3 20.94 <0.0001 
Wind speed 3 20.94 <0.0001 
 
(C6) Dumetella carolinensis (gray catbird) 
Model K ΔAIC w 
Observer 3 0 1 
Wind speed 3 21.4 < 0.0001 
Time of day 3 27.0 < 0.0001 
Null 2 30.1 < 0.0001 
Cloud cover 3 31.5 < 0.0001 
Julian date 3 31.6 < 0.0001 
Temperature 3 31.7 < 0.0001 
 
(C7) Spizella pusilla (field sparrow) 
Model K ΔAIC w 
Observer 3 0 1.00 
Null 2 25.52 < 0.0001 
Wind speed 3 25.67 < 0.0001 
Julian date 3 26.03 < 0.0001 
Time of day 3 26.95 < 0.0001 
Temperature 3 27.50 < 0.0001 
Cloud cover 3 27.50 < 0.0001 
 
 
126 
(C8) Pipilo erythrophthalmus (eastern towhee) 
Model K ΔAIC w 
Time of day 3 0 0.61 
Julian date 3 1.39 0.30 
Cloud cover 3 5.83 0.03 
Null 2 6.13 0.03 
Temperature 3 8.00 0.01 
Wind speed 3 8.12 0.01 
Observer 3 8.26 0.01 
 
(C9) Tyrannus tyrannus (eastern kingbird) 
Model K ΔAIC w 
Observer 3 0 0.56 
Julian date 3 2.57 0.16 
Cloud cover 3 2.70 0.15 
Null 2 4.75 0.05 
Time of day 3 5.58 0.04 
Wind speed 3 6.18 0.03 
Temperature 3 6.69 0.02 
 
(C10) Geothlypis trichas (common yellowthroat) 
Model K ΔAIC w 
Wind speed 3 0 0.61 
Observer 3 1.73 0.26 
Julian date 3 5.52 0.04 
Null 2 5.58 0.04 
Cloud cover 3 6.45 0.02 
Time of day 3 7.52 0.01 
Temperature 3 7.58 0.01 
 
(C11) Molothrus ater (brown-headed cowbird) 
Model K ΔAIC w 
Observer 3 0 0.98 
Wind speed 3 9.34 0.009 
Time of day 3 10.44 0.005 
Null 2 10.64 0.005 
Temperature 3 10.76 0.005 
Cloud cover 3 12.61 0.002 
Julian date 3 12.63 0.002 
 
 
127 
(C12) Vireo bellii (Bell’s vireo) 
Model K ΔAIC w 
Null 2 0 0.29 
Julian date 3 0.85 0.19 
Time of day 3 1.66 0.13 
Temperature 3 1.85 0.12 
Wind speed 3 1.91 0.11 
Cloud cover 3 1.96 0.11 
Observer 3 3.69 0.05 
 
(C13) Turdus migratorious (American robin) 
Model K ΔAIC w 
Temperature 3 0 0.49 
Observer 3 1.20 0.27 
Null 2 3.49 0.09 
Cloud cover 3 4.36 0.06 
Time of day 3 4.93 0.04 
Julian date 3 5.46 0.03 
Wind speed 3 5.48 0.03 
 
(C14) Spinus tristis (American goldfinch) 
Model K ΔAIC w 
Null 2 0 0.23 
Observer 3 0.18 0.20 
Cloud cover 3 0.23 0.18 
Temperature 3 0.24 0.19 
Time of day 3 1.63 0.09 
Julian date 3 1.77 0.08 
Wind speed 3 1.98 0.07 
 
(C15) Pheucticus ludovicianus (rose-breasted grosbeak) 
Model K ΔAIC w 
Time of day 3 0 0.34 
Null 2 0.79 0.23 
Julian date 3 2.24 0.11 
Wind speed 3 2.36 0.10 
Temperature 3 2.37 0.10 
Cloud cover 3 2.64 0.09 
Observer 3 5.09 0.03 
 
